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ABSTRACT 

Ozone microbubbles (OMBs) have been widely used nowadays for water/wastewater 

treatment. Properties of ozone, its applications in water/wastewater treatment, properties 

of the ozone microbubbles, and their applications in water/wastewater treatment have 

been discussed in this thesis. 

 The environmental fate of the phthalates is considerably important due to their 

effects on the health of human beings and animals. Dimethyl phthalate (DMP) and diethyl 

phthalate (DEP) are among the most frequently identified phthalates in diverse 

environments. The removals of DMP and DEP from water using OMBs were studied in 

an experimental setup with a reactor of 20 dm3 capacity. Experiments were performed 

under various reaction conditions to examine the effects of the initial concentration of the 

pollutants, pH of the medium, and ozone generation rate. The DMP present in water was 

effectively removed by the OMBs. The removal was effective in neutral and alkaline 

media. Increase in the initial concentration of the DMP adversely affected its removal 

efficiency. The removal efficiency dramatically increased from 1 to 99% when the ozone 

generation rate was increased from 0.28 to 1.94 mg s−1 at pH 7. The total organic carbon 

(TOC) measurements revealed that complete mineralization of DMP was achieved within 

1.8 ks at the high ozone feed rate. The use of tert-butanol (t-BuOH) as the hydroxyl 

radical (∙OH) scavenger confirmed that the reaction between DMP and ∙OH dominated 

over its direct reaction with ozone. The reaction between DMP and ozone followed an 

overall second-order kinetics. The volumetric mass transfer coefficient of ozone in the 

reacting system and the enhancement factor increased with increasing initial 

concentration of DMP. The Hatta number was low, which proves that the mass transfer 

resistance was negligible, implying that the rate of mass transfer was enhanced by the 
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OMBs. The removal of DEP by the OMBs was very effective at the high pH and high 

ozone generation rates. Almost complete mineralization of DEP could be achieved at the 

high pH. In neutral and alkaline media, the reaction of DEP with ·OH dominated over its 

direct reaction with ozone. The overall oxidation reaction fitted a second-order kinetic 

model. The optimal addition of H2O2 increased the rate of removal of the pollutants by 

augmenting the generation of the ·OH. 

 Oxidation of bisphenol-A (BPA) in the aqueous medium was performed using 

OMBs. The removal efficiency of BPA was improved from 41 to 98% within 600 s of 

ozonation when the initial pH of the medium was increased from 3 to 7. Further increase 

of pH led to an insignificant improvement in the ozonation time (i.e., it did not 

significantly lessen the ozonation time to achieve the same removal efficiency). The 

stoichiometric ratio of the moles of ozone consumed to the moles of BPA removed was 

found to be in the range of 0.228 – 0.276 at pH 7 and 0.125 mol m–3 initial concentration 

of BPA. A considerably high range of ozone utilization efficiency (i.e., 52.4 – 86.3%) for 

the complete removal of BPA was achieved by using the OMBs. Based on the TOC 

removal, three stages of ozonation (i.e., 0 – 0.6, 0.6 – 2.5, and 2.5 – 3.0 ks) were observed. 

Their corresponding observed reaction rate constants were 294.1, 1365.3, and 2477.7 dm3 

mol–1 s–1, respectively. The reaction between ozone and BPA followed an overall second-

order kinetics, and first-order with respect to both ozone and BPA.  

 The potential of the OMBs for the oxidation of DMSO was investigated in detail, 

and the results were compared with those of the conventional ozonation using the ozone 

millibubbles (OMLBs). Keeping constant other operational parameters for both the 

oxidation systems, the OMLBs needed a longer time for complete removal of DMSO, 

and hence necessitated a higher consumption of ozone. Therefore, a higher stoichiometric 
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ratio of ozone consumed to the DMSO removed (i.e., a factor of 10) was observed for the 

OMLBs. Higher ozone utilization efficiencies were observed for the OMBs (i.e., 65 – 

79%) than the OMLBs (i.e., 21 – 48%). The degradation of DMSO to methane sulfonic 

acid (MSA) was achieved via two possible pathways (i.e., direct conversion to MSA by 

the reaction with ·OH, and a two-stage conversion via the formation of DMSO2 by 

molecular ozone, followed by further oxidation of DMSO2 to MSA by the ·OH). In terms 

of the TOC removal efficiency, the effectiveness was in the following order: OMLBs < 

OMLBs/H2O2 < OMBs < OMBs/H2O2.  Oxidation of DMSO by ozone followed an 

overall second-order kinetics for the OMBs, and first-order kinetics for the OMLB 

system. Higher ozone volumetric mass transfer coefficient, enhancement factor, and 

volumetric ozone transfer rate were obtained for the OMBs as compared to the OMLBs.  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

TH-2591_136107035



 

xv 

 

CONTENTS  Page no. 

Dedication i 

Statement iii 

Certificate v 

Acknowledgments vii 

Abstract xiv 

List of Figures xxiii 

List of Tables xxix 

CHAPTER 1 INTRODUCTION 1 – 70 

1.1 Background   1 

1.2 Ozone and its application in wastewater treatment                                     5 

1.3 Advanced oxidation processes  10 

1.4 Microbubbles  11 

1.4.1 Applications of microbubbles  12 

1.4.2 Properties of microbubbles  13 

1.4.3 Mass transfer in the microbubble systems  18 

1.4.4 Microbubble generators  21 

1.5 Ozone millibubbles and microbubbles  24 

1.6 Literature survey on the removal of target pollutants  31 

1.6.1 Removal of dimethyl and diethyl phthalate  31 

1.6.2 Oxidation of bisphenol-A  35 

1.6.3 Removal of dimethyl sulfoxide  41 

1.7 Scopes of the work  45 

1.8 Objectives of the work  46 

TH-2591_136107035



 

xvi 

 

1.9 Outline of the thesis  46 

Notations  50 

References    53 

CHAPTER 2 MATERIALS AND EXPERIMENTAL 

METHODS 

71 89 

2.1 Experimental setup 71 

2.1.1 Ozone microbubbles 71 

2.1.2 Ozone millibubbles 74 

2.2 Chemicals used 75 

2.3 Analysis methods 77 

2.3.1 Removal of DMP and DEP in water by the OMBs 77 

2.3.1.1 Measurement of the concentrations of DMP and 

DEP 

77 

2.3.1.2 UV–Vis absorption spectra of DMP and DEP 78 

2.3.1.3 Measurement of dissolved ozone concentration 78 

2.3.2 Oxidation of BPA in water by the OMBs 80 

2.3.2.1 UV–Vis absorption spectra of BPA, catechol, 

and hydroquinone 

80 

2.3.2.2 Measurement of the concentrations of BPA, 

catechol, and hydroquinone 

80 

2.3.2.3 Measurement of dissolved and excess ozone 

concentrations 

83 

2.3.3 Removal of DMSO from water using the OMBs and OMLBs 83 

2.3.3.1 UV–Vis absorption spectrum of DMSO 83 

TH-2591_136107035



 

xvii 

 

2.3.3.2 Measurement of the concentration of DMSO 

and its oxidation intermediates 

83 

2.3.4 TOC measurement 86 

Abbreviations 88 

References 89 

CHAPTER 3 REMOVAL OF DIMETHYL PHTHALATE 

FROM WATER BY OZONE MICROBUBBLES 

90  115 

3.1 Introduction 90 

3.2 Results and discussion 91 

3.2.1 UV–Vis spectra of DMP 91 

3.2.2 Effect of initial concentration of DMP 91 

3.2.3 Effect of initial pH of the aqueous solution 93 

3.2.4 Effect of ozone concentration 95 

3.2.5 Effect of ozone generation rate on TOC removal 96 

3.2.6 Effect of addition of H2O2 98 

3.2.7 Effect of t-BuOH on DMP removal 99 

3.2.8 Estimation of self-decomposition rate constant of ozone 101 

3.2.9 Overall kinetics of DMP ozonation 103 

3.2.10 Calculation of Hatta number 106 

3.3 Conclusions  109 

Notations 111 

References 113 

TH-2591_136107035



 

xviii 

 

CHAPTER 4 REMOVAL OF DIETHYL PHTHALATE FROM 

WATER BY OZONE MICROBUBBLES 

116  139 

4.1 Introduction 116 

4.2 Results and discussion 117 

4.2.1 UV–Vis spectra of DEP 117 

4.2.2 Effect of hydroxyl radicals on the removal of DEP 118 

4.2.3 Effect of pH of the aqueous solution 119 

4.2.4 Effect of initial concentration of DEP 122 

4.2.5 Effect of ozone generation rate 123 

4.2.6 Reduction of TOC 126 

4.2.7 Effect of the addition of H2O2 128 

4.2.8 Estimation of overall kinetic parameters of oxidation of DEP 

by ozone 

130 

4.3 Conclusions  134 

Notations 135 

References 137 

CHAPTER 5 OXIDATION OF BISPHENOL-A BY OZONE 

MICROBUBBLES 

140  174 

5.1 Introduction 140 

5.2 Results and discussion 141 

5.2.1 Effects of the operational parameters on the removal of 

BPA 

141 

5.2.1.1 Effects of pH and hydroxyl radicals 

 

142 

TH-2591_136107035



 

xix 

 

  

5.2.1.2 Effects of ozone generation rate and initial BPA 

concentration 

145 

5.2.1.3 Effect of bicarbonate ion on BPA removal by 

the OMBs 

151 

5.2.2 Extent of mineralization of BPA by the OMBs 153 

5.2.3 Kinetics of BPA oxidation by the OMBs 160 

5.2.3.1 Kinetics based on TOC removal 161 

5.2.3.2 Estimation of overall kinetic parameters of 

oxidation of BPA by ozone 

163 

5.3 Conclusions  167 

Notations 170 

References 173 

CHAPTER 6 A COMPARATIVE STUDY ON THE REMOVAL 

OF DIMETHYL SULFOXIDE FROM WATER 

USING MICROBUBBLES AND MILLIBUBBLES 

OF OZONE 

175  205 

6.1 Introduction  175 

6.2 Results and discussion   176 

6.2.1 Determinations of stoichiometric ratio and ozone 

utilization efficiency 

176 

6.2.2 Effects of the initial concentration of DMSO and ozone 

generation rate on the removal of DMSO 

180 

TH-2591_136107035



 

xx 

 

6.2.3 Effects of the pH of the medium and reactions with the 

hydroxyl radicals 

181 

6.2.4 Formation and depletion of the oxidation intermediates of 

DMSO 

184 

6.2.5 Extent of mineralization of DMSO by the OMBs and 

OMLBs 

187 

6.2.6 Overall kinetics for the oxidation of DMSO by the OMBs 190 

6.2.7 Overall kinetic study for the oxidation of DMSO by the 

OMLBs 

192 

6.2.8 Mass transfer of ozone by the millibubbles 194 

6.3 Conclusions   199 

Notations  201 

References  204 

CHAPTER 7 SUMMARY AND SCOPE FOR FUTURE WORK 206  208 

7.1 Summary of the work 206 

7.2 Scope and suggestions for future works 207 

Research Publications 209 

Appendices 210 

 

TH-2591_136107035



 

 

 

 
TH-2591_136107035



 

xxiii 

 

LIST OF FIGURES 

 
Title Page no.  

Figure 1.1 Potential ozone application points at municipal wastewater 

plants. 

6 

Figure 1.2 Schematic diagram of ozone generation by corona 

discharge. 

7 

Figure 1.3 The difference between microbubbles and macrobubbles. 15 

Figure 1.4 Mass transfer in the gas–liquid systems according to the 

two-film theory. 

19 

Figure 1.5 Annual production of phthalates. 32 

Figure 1.6 Possible oxidation routes of DMSO by different AOPs 

and biological treatments. 

43 

Figure 1.7 Comparison of different AOPs for degradation and 

mineralization of DMSO in water/wastewater. 

44 

Figure 2.1 Photograph of the experimental setup for the OMBs. 72 

Figure 2.2 Size distribution of the microbubbles [courtesy: Riverforest 

Corporation (USA)]. 

73 

Figure 2.3 Schematic of the experimental setup for the OMBs, and 

analysis of the samples. 

74 

Figure 2.4 Schematic of the experimental setup for the OMLBs. 75 

Figure 2.5 UFLC peaks of (a) DMP and (b) DEP, and UFLC 

calibration curves of (c) DMP and (d) DEP. 

79 

Figure 2.6 UV–Vis spectra of the standard solutions of BPA, catechol, 

and hydroquinone in Milli-Q water. 

81 

Figure 2.7 UFLC chromatogram of the standard solutions of BPA, 

catechol, and hydroquinone. 

82 

Figure 2.8 UFLC calibration curves of (a) BPA, (b) catechol, and (c) 

hydroquinone 

82 

Figure 2.9 (a) UV–Vis  absorption spectrum and UFLC chromatogram 

(inset) and (b) UFLC calibration curve of the standard 

84 

TH-2591_136107035



 

xxiv 

 

aqueous DMSO solutions in a mixture of ACN and water 

[ACN : water = 80 : 20 (v/v)]. 

Figure 2.10 Calibration curves of (a) DMSO2 and (b) MSA for GC. 85 

Figure 2.11 TOC calibration curve. 87 

Figure 3.1 UV–Vis absorption spectra of DMP before and after 

ozonation. 

92 

Figure 3.2 Effect of initial concentration of DMP on the removal of 

DMP by the OMBs. 

93 

Figure 3.3 Effect of pH on the removal of DMP by the OMBs. 94 

Figure 3.4 Variation of pH of the solution with time during ozonation. 94 

Figure 3.5 Concentration profiles of dissolved ozone in the aqueous 

phase at different ozone generation rates. 

95 

Figure 3.6 Effect of ozone generation rate on the removal of DMP. 96 

Figure 3.7 Effect of ozone generation rate on the removal of TOC. 97 

Figure 3.8 Effect of using H2O2 along with OMBs for DMP 

degradation. 

99 

Figure 3.9 Effect of t-BuOH on the removal of DMP (a) without H2O2 

and (b) in the presence of H2O2. 

100 

Figure 3.10 Linear fit of the data for determination of self-

decomposition rate constant of ozone. 

102 

Figure 3.11 Concentration profiles of (a) DMP and (b) ozone in the 

reactor, and the fit of the model. 

105 

Figure 4.1 UV–Vis absorption spectra of DEP before and after 

ozonation. 

118 

Figure 4.2 (a) Effect of concentration of t-BuOH (at pH 7) and (b) 

effect of pH in the presence of 5 mol m3 t-BuOH on the 

removal of DEP. 

120 

Figure 4.3 (a) Effect of pH of the aqueous solution on the removal of 

DEP and (b) variation of pH of the solution with time 

during ozonation. 

121 

Figure 4.4 Effect of initial concentration of DEP on its removal by the 

OMBs. 

122 

TH-2591_136107035



 

xxv 

 

Figure 4.5 The effect of ozone generation rate on the removal of DEP 

at pH 7. 

124 

Figure 4.6 Concentration profiles of dissolved ozone in the reactor in 

the presence of DEP. 

125 

Figure 4.7 Reduction of TOC at different pH. 127 

Figure 4.8 Effect of addition of H2O2 on DEP degradation. 128 

Figure 4.9 Effect of addition of H2O2 on DEP degradation at different 

ozone generation rates. 

130 

Figure 4.10 Concentration profiles of ozone and DEP in the reactor, and 

the fit of the kinetic model at pH 7. 

133 

Figure 5.1 (a) Effect of variation of initial pH of the solution on BPA 

removal and (b) variation of pH during the course of 

ozonation. 

143 

Figure 5.2 Effect of t-BuOH on the removal of BPA at different pH. 144 

Figure 5.3 Effect of ozone generation rate on (a) BPA removal and (b) 

concentration profiles of dissolved ozone in the reactor in 

the presence of BPA at pH 7 and 0[BPA] = 0.125 mol m–3. 

146 

Figure 5.4 Effect of the initial concentration of BPA on the 

concentration profile of BPA in the reactor. Effect of the 

initial concentration of BPA on the concentration profile of 

ozone in the reactor is shown in the inset. 

150 

Figure 5.5 Effect of addition of 10 mol m–3 NaHCO3 on the removal 

of BPA by the OMBs. 

153 

Figure 5.6. TOC removal profiles at (a) different (initial) pH of the 

solution and (b) different initial concentrations of BPA. 
155 

Figure 5.7 Formation and depletion of catechol and hydroquinone 

during the oxidation of BPA by the OMBs at (a) pH 5 and 

(b) pH 7. 

157 

Figure 5.8 Effect of pH on the removal of catechol and hydroquinone 

by the OMBs at 1.8 ks of ozonation time. The initial 

concentration of both catechol and hydroquinone was 0.1 

mol m–3. 

158 

TH-2591_136107035



 

xxvi 

 

Figure 5.9 Variation of 3 CT[O ]  and 3 CT removed[O ] [TOC] with TOC 

removal. 

159 

Figure 5.10 Determination of the rate constant for the oxidation of BPA 

by the OMBs based on the TOC removal. 

162 

Figure 5.11 Concentration profiles of (a) BPA and (b) dissolved ozone 

in the reactor, and the fit of the model. 

166 

Figure 6.1 Effect of initial concentration of DMSO on its removal by 

the OMBs and OMLBs (inset). 

180 

Figure 6.2 Effect of ozone generation rate on the removal of DMSO 

by the OMBs and OMLBs (inset). 

181 

Figure 6.3 (a) Effect of pH of the medium and (b) variation of pH 

during the course of ozonation. 

182 

Figure 6.4 Effects of H2O2 on the removal of DMSO by the (a) OMBs 

and (b) OMLBs (at 0[DMSO] = 1.5 mol m–3, ozone 

generation rate =1.67 mg s–1, and pH 9). 

183 

Figure 6.5 Effect of addition of t-BuOH on the oxidation of DMSO by 

the (a) OMBs and (b) OMLBs (at 0[DMSO] = 1.5 mol m–3 

and ozone generation rate =1.67 mg s–1). 

184 

Figure 6.6 Comparison of reactions taking place in the OMB and 

OMLB systems in terms of formation and depletion of the 

two main oxidation intermediates of DMSO (i.e., DMSO2 

and MSA). 

185 

Figure 6.7 Proposed mechanisms of DMSO degradation by (a) OMBs 

and (b) OMLBs. 

186 

Figure 6.8 (a) TOC removal profiles at different pH, (b) oxidation of 

DMSO2 in water by the OMBs, and (c) comparison of the 

OMB and OMLB processes in terms of DMSO and TOC 

removal efficiencies at 2.16 ks of ozonation time. 

188 

TH-2591_136107035



 

xxvii 

 

Figure 6.9 Effects of the addition of (a) H2O2 and (b) t-BuOH on the 

TOC removal by the OMBs and OMLBs, and (c) the 

comparison of four processes in terms of the removal of 

DMSO and TOC at 5.4 ks of ozonation time (at the ozone 

generation rate of 1.67 mg s–1, pH 9, and [DMSO]0 = 1.5 

mol m–3). 

190 

Figure 6.10 Concentration profiles of DMSO and dissolved ozone 

(inset) in the reactor, and the fit of the model. The legends 

are the same for both the systems. 

192 

Figure 6.11 Fit of the first-order kinetics for the reaction between 

DMSO and ozone in the OMLB system. 

194 

Figure 6.12 (a) Concentration profile of dissolved ozone in the reactor 

of the OMLB system and (b) determination of the 

volumetric mass transfer coefficient of ozone in the OMLB 

system in the absence of DMSO. 

196 

Figure 6.13 The fit of the first-order kinetic model to the experimental 

data for determining the self-decomposition rate constant 

of ozone in water by the millibubbles. 

197 

Figure 6.14 Volumetric ozone transfer rate in the presence of DMSO 

for the OMB and OMLB systems. 

198 

 

  

TH-2591_136107035



 

xxviii 

 

LIST OF TABLES 

 Title Page no. 

Table 1.1 An overview of the ozone generation methods, working 

principles, and fields of application 

7 

Table 1.2 Mechanism of decomposition of ozone in pure water 9 

Table 1.3 Standard redox potentials of common oxidation species 11 

Table 1.4 Summary of the microbubble generation methods 22 

Table 1.5 Applications of oxygen and ozone microbubbles for 

water/wastewater treatment 

30 

Table 1.6 Chemical identifications and physicochemical properties of 

DMP and DEP 

33 

Table 1.7  Chemical identifications and physicochemical properties of 

bisphenol-A. 

39 

Table 1.8 Oxidation of BPA in water/wastewater by ozonation and 

ozone-based advanced oxidation processes. 

40 

Table 1.9 Chemical identifications and physicochemical properties of 

dimethyl sulfoxide 

41 

Table 2.1 List of chemicals and reagents used in this work 76 

Table 2.2 UFLC analysis conditions for BPA and its oxidation 

intermediates 

81 

Table 3.1 Values of the self-decomposition rate constant of ozone 103 

Table 3.2 Kinetic and mass transfer parameters (at the ozone 

generation rate of 1.11 mg s–1). 

106 

Table 3.3 Calculated values of Ha at different pH (ozone generation 

rate = 0.92 mg s–1; [DMP]0 = 0.258 mol m–3). 

108 

Table 4.1 Kinetic and mass transfer parameters for the oxidation of 

DEP by the OMBs (ozone generation rate = 1.94 mg s–1; 

[DEP]0 = 0.18 mol m–3)  

132 

TH-2591_136107035



 

xxix 

 

Table 5.1  Summary of the stoichiometric ratios and ozone utilization 

efficiencies at different ozone generation rates and initial 

concentrations of BPA 

148 

Table 5.2 Kinetic and mass transfer parameters (at the ozone 

generation rate of 1.11 mg s–1) 

166 

Table 6.1 Summary of the stoichiometric ratios and ozone utilization 

efficiencies at different pH and initial concentrations of 

DMSO for the OMBs (at the ozone generation rate of 1.67 

mg s–1) 

178 

Table 6.2 Summary of the stoichiometric ratios and ozone utilization 

efficiencies at different pH and initial concentrations of 

DMSO for the OMLBs (at the ozone generation rate of 1.67 

mg s–1) 

178 

Table 6.3 Kinetic and mass transfer parameters for the oxidation of 

DMSO by the OMBs (at the ozone generation rate of 1.67 

mg s–1 and [DMSO]0 = 1.5 mol m–3) 

192 

Table 6.4 Kinetic and mass transfer parameters for the oxidation of 

DMSO by the OMLBs (at the ozone generation rate of 1.67 

mg s–1 and [DMSO]0 = 1.5 mol m–3) 

194 

Table 6.5 Reported values of the self-decomposition rate constant of 

ozone  dk  in water 

198 

Table A1.1 Sample uncertainty analysis for the measurement of BPA 

using UFLC 

211 

Table A1.2 Sample uncertainty analysis of the retention time for the 

measurement of BPA using UFLC 

211 

Table A2.1 Capital cost of the OMB experimental setup 212 

Table A2.2 Operational cost of the OMB experimental setup 212 

 

 

TH-2591_136107035



 

xxiii 

 
TH-2591_136107035



 

1 

 

CHAPTER 1 

INTRODUCTION 

 

This chapter presents a general discussion on ozone and its application in 

water/wastewater treatment. The properties of the microbubbles and their applications 

in water/wastewater treatment are also discussed. A brief review of the literature for each 

target pollutant (studied in this work) is presented.  The objectives of the research work 

and the organization of the thesis are also outlined in this chapter. 

 

1.1 Background   

In recent times, new advances in the diverse technologies for meeting the ever-increasing 

human needs have led to the emergence of new pollutants in the effluent streams of the 

process industries, which are not easily degraded by the conventional wastewater 

treatment methods. Industrial wastewaters are becoming more and more complex due to 

the presence of these emerging contaminants. Among these emerging contaminants, the 

organic pollutants are more recalcitrant and pose serious problems. These pollutants bring 

severe problems even at low concentrations and lead to comprehensive chemical, 

physical, and biological changes in the quality of water. Organic compounds released 

from various industries (e.g., dyes, pharmaceuticals, and food products), farmlands (e.g., 

pesticides), and domestic applications (e.g., surfactants and detergents) have attracted 

high attention. The removal of organic compounds from aqueous solutions has become 

an important goal in the treatment of water and wastewater because of increased industrial 

production of waste streams containing harmful organic compounds (Shin et al., 1999). 

With rapid growth of population and diminishing water resources, the need of treated 
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drinking water and safe environment has become an important issue. Hence, researchers 

are inclined towards environment-friendly technologies in which such toxic and harmful 

organic compounds are either totally eliminated or degraded to less harmful 

intermediates/end products. New technologies have been developed in the last couple of 

decades to degrade such pollutants as a result of the inadequacies of the conventional 

wastewater treatment methods. In these aspects, emerging treatment technologies such as 

the advanced oxidation processes (AOPs) hold great promise as alternative and efficient 

methods (Comninellis et al., 2008; Cuerda-Correa et al., 2020). 

 Among the common disinfectants, chlorine has been widely used all over the 

world in the conventional water and wastewater treatment to prevent waterborne 

transmission of infectious diseases. However, chlorine reacts readily with a wide variety 

of organics to form organic by products, mainly trihalomethanes and haloacetic acids (Li, 

2006; Von Gunten, 2003b; Yang et al., 2005b). These chlorination by products have been 

associated with adverse health effects related to cancer and reproductive health concerns 

(Nieuwenhuijsen et al., 2000). Most of the conventional wastewater treatment methods 

are reported to be incapable of removing many biorecalcitrant organic pollutants 

(Saravanan et al., 2009), which means that new efficient alternative treatment 

technologies are needed for degrading such pollutants.  

Ozone, an allotropic form of oxygen, has long been used in wastewater treatment 

and came into use as a drinking water disinfectant more than a century ago (Glaze, 1987). 

Since then, several water treatment plants have been developed all over the world using 

ozone. Some have used ozone as the primary or sole disinfectant. Others have used it as 

an oxidant for the control of odor, color, and flora, and for reducing the manganese and 

iron in drinking water. Moreover, ozone can be used as a natural water coagulant (e.g., a 

pre-oxidant) to improve the efficiency of other unit operations such as coagulation, 
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flocculation, sedimentation, and carbon filtration. It can also be used to remove biological 

or toxic compounds for improving the biological oxidation units (i.e., reducing the 

amount of sludge generated) (Glaze, 1987; Hoigne and Bader, 1979).  

It has been reported (Tiwari et al., 2010) that ozone is one of best green 

alternatives to the conventional fumigants in grain  processing.  Ozone is known for its 

considerable potential for the treatment of water and wastewater since it is a very 

powerful eco-friendly (i.e., residue free) oxidant (Gottschalk et al., 2010; Loeb et al., 

2012; von Sonntag and von Gunten, 2012). It has a standard redox potential of +2.07 V, 

and can react with many organic chemicals with the exception of a few, which react very 

slowly with molecular ozone (e.g., chloro alkanes) (Glaze, 1986). For those chemicals, 

more effective AOPs are used, some of which consist of a combination of single oxidants 

and involve the generation of the hydroxyl radicals. AOPs are the aqueous phase 

oxidation processes, which are primarily based on the involvement of the hydroxyl 

radicals in the mechanism leading to the destruction of the target pollutant or xenobiotic 

or contaminant compound. The hydroxyl radical  is an extremely strong and nonselective 

oxidant with  a standard redox potential of +2.80 V (Masten and Davies, 1994). They 

react with most organic compounds with rate constants in the range of 107–1010 dm3 mol–

1 s–1 (Buxton et al., 1988).   

It has been reported by various researchers (Gurol, 1985; Shin et al., 1999; Zhou 

and Smith, 2000) that ozonation in the water and wastewater treatment systems is 

controlled by mass transfer, and the most effective way to overcome this limitation is to 

increase the gas–liquid interfacial area available for mass transfer by decreasing the size 

of the ozone bubbles dispersed in the aqueous medium. Transfer of ozone to water is a 

very important step in the water and wastewater treatment reactors, such as the bubble 

column reactors.  Usually ozone is introduced into the reactors as a dilute gas mixture in 
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oxygen. Ozone is sparingly soluble in water (Johnson and Davis, 1996; Silva and Jardim, 

2006). Because of their less ability of dissolving ozone in water, millibubbles used in the 

bubble column reactors require a considerable amount of ozone, which requires high-

energy consumption. The excess ozone passed into the column remains unused, which is 

finally destructed or released into the atmosphere as is. Therefore, a better gas–liquid 

contactor is required that can enhance the solubility of ozone in water, perform rapid 

oxidation of the organic compounds, and decrease the loss of ozone. In this regard, 

microbubbles can offer an alternative to the millibubbles. They are very effective in 

increasing the rate of transfer of ozone to water (i.e., enhance the solubility of ozone), and 

decrease its loss. A small amount of ozone is sufficient to produce a large number of 

microbubbles that are capable of oxidizing the organic compounds present in water. The 

dissolved ozone in the dispersion of ozone microbubbles (OMBs) generates the hydroxyl 

radicals that are highly effective in decomposing the organic molecules (Sumikura et al., 

2007; Takahashi et al., 2007a). The hydroxyl radicals are generated in the solutions by 

the collapse of the OMBs (Chu et al., 2008b). During the decomposition of ozone, the 

generation of the hydroxyl radicals is an advantage, because it is a more powerful oxidant 

than ozone. 

Daughton (2004) has reported that nearly 23 million organic and inorganic 

substances have been indexed by the Chemical Abstracts Service of The American 

Chemical Society, excluding the biosequences such as proteins and nucleotides. From 

approximately 3000 different estimated substances used as pharmaceutical ingredients, 

only a small subset has been investigated in environmental studies so far (Richardson and 

Ternes, 2014). This shows that further investigations are necessary. Several studies have 

confirmed the efficiency of oxidation processes, such as ozonation and advanced 

oxidation for the transformation/degradation/removal of micropollutants.  In recent years, 
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microbubble technologies have become a key aspect of improving ozonation and ozone-

based advanced oxidation processes. Although several research works have been 

performed in the past few decades on the ozonation of water/wastewater containing 

various organic pollutants, most of these works have been done by using conventional 

millibubbles. The size of the millibubbles depends on the gas sparger used, and it usually 

varies in the range of 2 – 5 mm. On the other hand, a few works have used microbubbles. 

The microbubbles have diameter less than 100 m (Tsuge, 2014). A few fundamental 

issues related to the ozone-based microbubble technology have remained as a subject of 

further research. 

 

1.2 Ozone and its application in wastewater treatment 

Ozone has a high redox potential, due to which it a strong oxidizing agent. It is widely 

applied in water treatment as an oxidizing agent. The main uses of ozonation are 

decolorization, elimination of taste and odor, degradation of organics, and disinfection. 

The potential application points of ozone in the municipal wastewater treatment plants, 

which include odor control, pre-oxidation of primary effluent, disinfection of secondary 

effluent, and sludge conditioning are shown in a generalized process flow diagram in 

Figure 1.1 (Oneby et al., 2010).  

 Ozone spontaneously self-decomposes to oxygen within a short time so that it 

does not remain dissolved in water. This feature has rendered ozone a desirable oxidizing 

agent for removing the impurities present in water. However, factors such as the cost of 

ozone production and the expenditure incurred in the maintenance of equipment (due to 

heavy corrosion caused by ozone) have restricted its use in the developing countries. 

Because of its instability, ozone must be generated at the point of use. An overview of 

various types ozone generation methods are summarized in Table 1.1 (Gottschalk et al., 
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2010). Any method of generation of ozone relies on the energy required to break the 

bonds holding the oxygen atoms in the O2 molecule, allowing them to dissociate and then 

re-form as ozone molecule (i.e., O3). 

 

Figure 1.1: Potential ozone application points in municipal wastewater plants (Oneby 

et al., 2010). 

 

  For industrial consumption, ozone is usually generated from an oxygen-

containing gas by the silent electric discharge method (Magara et al., 1995), which is also 

known as corona discharge. In this method (Ciambrone, 1976; Gottschalk et al., 2010; 

Shin et al., 1999), pure oxygen is subjected to an electrical discharge (Figure 1.2). The 

oxygen molecules in the gas are dissociated and form ozone molecules by the electrons 

that are created from the electrical discharge. Power is supplied in the form of high 

alternating current, creating ionized gas in the space between the two electrodes. 

Currently, this method is the most widely used method for commercial ozone production. 
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Table 1.1: An overview of the ozone generation methods, working principles, and fields 

of application 

Method of ozone 

generation 

Ozone source Working 

principle 

Field of application 

Electrical Air or oxygen Electrical 

discharge 

Common standard 

from laboratory to full-

scale 

Electrochemical Highly purified 

water 

Electrolysis Mainly for pure water 

applications, and 

laboratory to small 

industrial scale 

Photochemical 

( 185 nm)   

Oxygen (air) and 

water (drinking 

water or highly 

purified water) 

Irradiation 

(abstraction of 

electrons)  

New technology,  

laboratory to full-scale 

Radiation 

Chemistry 

Highly purified 

water 

X - rays,  - rays, 

and radioactive  

Laboratory scale 

Thermal Water  Light arc 

ionization 

Laboratory scale 

 

 

Figure 1.2: Schematic diagram of ozone generation by corona discharge. 

 

The other recognized methods are electrochemical, photochemical, and 

radiochemical methods. In the photochemical generation method, ozone is generated by 
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means of ultraviolet light ( 200 nm)  , which is generated by arc discharge lamps, in a 

similar fashion as the formation of ozone in the upper atmosphere. This method of ozone 

generation may be used only for small-scale systems inasmuch as it cannot generate ozone 

concentration as much as the corona-discharge ozone generators (Glaze, 1987). An 

electrochemical ozone generator is used to generate highly concentrated ozone dissolved 

in water by applying a direct current, for small scale application, which is simple and safe 

for the users (Nishiki et al., 2011). Ozone has a wide range of applications, which varies 

from destroying microorganisms, improving ventilation of buildings, and cleaning and 

sterilizing drinking water and wastewater (Gonçalves, 2009; Gottschalk et al., 2010). 

 

The reaction between ozone and a target pollutant in the aqueous phase is known 

to be a complex process. It involves direct reaction with molecular ozone and/or an 

indirect reaction in which hydroxyl radicals form during the auto-decomposition of ozone 

(Magara et al., 1995; Staehelin and Hoigne, 1985; von Gunten, 2003a), and react with the 

pollutant. Classification of wastewater components in terms of reactivity with ozone is 

not an easy task. Generally, a high concentration of pollutants may lead to a high 

reactivity with ozone, which is an indication of a fast kinetic regime, and direct reaction 

with ozone. Low concentration of pollutants usually means low ozone reactivity, and 

hence, a factor that favors the development of indirect reactions of ozone (Beltrán, 2004). 

It is apparent that whenever conclusions are to be made on the formation of products of 

ozonation, it is absolutely necessary to consider the extent of direct reaction of ozone with 

the pollutant, and the indirect reactions by the hydroxyl radicals, which are generated in 

situ (Staehelin and Hoigne, 1985). The decomposition of ozone in water takes place via 

a series of initiation, propagation, and termination steps. The mechanism of 
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decomposition of ozone in pure water is summarized in Table 1.2 (Beltrán, 2004; 

Kasprzyk-Hordern et al., 2003; Khuntia et al., 2012a). 

 

Table 1.2: Mechanism of decomposition of ozone in pure water 

 Reaction  Rate constant 

Initiation 3 2 2O OH HO O       3 1 170 dm  mol  s   

Propagation 2 2HO O  + H    5 17.9 10  s  

 2 2O + H HO     10 3 1 15.0 10  dm  mol  s   

 3 2 3 2O O O  + O     9 3 1 11.6 10  dm  mol  s   

 3 3O  + H HO     10 3 1 15.2 10  dm  mol  s   

 3 3HO O  + H    2 13.3 10  s  

 3 2HO OH + O  5 11.1 10  s  

 3 4O OH HO    9 3 1 12.0 10  dm  mol  s   

 4 2 2HO  HO O    4 12.8 10  s  

Termination  4 4 2 2 3HO + HO  H O 2O     9 3 1 15.0 10  dm  mol  s   

 4 3 2 2 2 3HO + HO  H O O O      9 3 1 15.0 10  dm  mol  s   

 

Ozone can be useful or harmful for health and environment depending on where 

it is found in the atmosphere (EPA, 2015). Stratospheric ozone is useful because it 

protects the living beings from ultraviolet radiation from the sun. Near the surface, ozone 

is harmful because it can trigger a variety of health problems, particularly for children, 

the elderly, and people of all ages who have lung diseases such as asthma. According to 

the United States Environmental Protection Agency, exposure to ozone levels of > 137 

µg m–3 for eight hours or longer is unsafe. Therefore, the excess ozone coming out of any 

ozonation process should be converted to oxygen by the ozone destructor before it is sent 

to the environment. In this regard, processes such as the OMB system, which involves a 
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very small amount of ozone, are advantageous as they minimize its leakage to the 

environment. 

 

1.3 Advanced oxidation processes 

AOPs are a class of oxidation techniques, which involve two stages of oxidation 

processes, i.e., the formation of hydroxyl radicals, and the reaction of these radicals with 

organic pollutants present in water. Nevertheless, the term AOP refers specifically to 

processes in which oxidation of organic pollutants occurs predominantly through 

reactions with hydroxyl radicals (Glaze, 1987). David (1993) has given a broad definition 

of AOPs as the aqueous phase oxidation processes, which are based primarily on the 

intermediacy of the hydroxyl radical in the mechanism, leading to the destruction of the 

target pollutant or xenobiotic or contaminant compound. The commonly known AOPs 

are treatment processes, which include ozone with UV, ozone with hydrogen peroxide, 

hydrogen peroxide and ultraviolet light, Fenton’s reagent, and photocatalysis that uses 

titanium dioxide in combination with UV light and oxygen (David, 1993; Esplugas et al., 

2002). The same chemical feature, i.e. the production of nonselective oxidants (viz. 

hydroxyl radicals), characterizes all these AOPs. 

As hydroxyl radicals are stronger oxidants compared to the milder ozone, one may 

expect that simple ozonation dominated by the direct ozone–organic reactions may 

degrade reactant but complete mineralization to carbon dioxide and water may not be 

achieved. On the other hand, hydroxyl radicals lead to mineralization. This shows both 

ozone and ozone-based advanced oxidation processes may provide similar rates of 

disappearance of targeted organic pollutants, but the latter leads to complete 

disappearance of total organic carbon due to the hydroxyl radicals produced in situ. The 

reaction between most of organic pollutants and ozone produces intermediates, which are 
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less reactive than the reactant. This leads to a slower conversion of these compounds. The 

benefit of the ozone-based AOPs is thus a realization of complete mineralization (David, 

1993). Table 1.3 gives the oxidation power of different common oxidation species. A 

species with a higher reduction potential (i.e., higher reduction potential has a more 

positive value) possesses a higher tendency to acquire electrons and be reduced, whereas, 

a species with a higher oxidation potential (i.e., higher oxidation potential has a more 

negative value) possesses a higher tendency to lose electrons and be oxidized (Zanello et 

al., 2011). 

 

Table 1.3: Standard redox potentials of common oxidation species 

Oxidation species 

Standard redox potential 

(V) 

Reference  

Oxygen  +1.23 

Zhou and Smith (2002) Chlorine  +1.36 

Permanganate  +1.69 

Hydrogen peroxide +1.78 

Masten and Davies (1994) Ozone +2.07 

Hydroxyl radical +2.80 

Fluorine  +3.03 Zhou and Smith (2002) 

 

 

1.4 Microbubbles  

Microbubbles are defined as tiny spherical bubbles with an average diameter of  100 

µm. Tsuge (2014) has reported that the diameter range of microbubbles is 10–40 µm for 

bioactivity, and less than 100 µm for fluid physics. Agarwal et al. (2011) have defined 
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microbubbles as tiny bubbles having diameter in the range of 10–50 µm. Other 

researchers have classified microbubbles as bubbles having diameter in the range of 30–

100 µm (Pérez-Garibay et al., 2012). Temesgen et al. (2017) have suggested the minimum 

and maximum diameter of the microbubbles as 10 and 100 µm, respectively. Therefore, 

there is a disagreement among the researchers regarding the size of the microbubbles. The 

Reynolds number of a microbubble of 100 µm diameter is nearly unity (Tsuge, 2014).  

 Microbubbles are different from the ubiquitous macrobubbles, both in terms of 

their size and physicochemical properties, which have made them particularly useful in 

various water and wastewater treatment applications (Agarwal et al., 2011; Tsuge, 2014). 

These important features include large gas–liquid interfacial area, low rising velocity 

through water, surface having high curvature, and electrically-charged gas–liquid 

interface. These characteristics are of great importance in the enhancement of mass 

transfer between the two phases (Takahashi et al., 2003).  

 

1.4.1. Applications of microbubbles  

Microbubbles have been used in the water/wastewater treatment such as degradation of 

phenol (Li et al., 2009b; Shin et al., 1999), oxidation of dimethyl sulfoxide (Li et al., 

2009d), ozonation of practical textile wastewater (Chu et al., 2008a), treatment of 

wastewater containing dyestuff (Chu et al., 2007), sludge solubilization (Chu et al., 

2008b), disinfection of Bacillus subtilis spores (Zhang et al., 2013), disinfection of 

hydroponic culture solutions (Kobayashi et al., 2011), removal of residual pesticides 

(Ikeura et al., 2011b; Li et al., 2020), removal of soluble organics like BTEX (i.e., 

benzene, toluene, ethylbenzene, and xylenes) from simulated seawater (Walker et al., 

2001), removal of ammonia from water (Khuntia et al., 2012b; Ryskie et al., 2020), 

oxidation of As(III) to As(V) (Khuntia et al., 2014a), degradation of dyes in water 
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(Khuntia et al., 2014b), degradation of benzo[a]pyrene and toxicity reduction (Nam et al., 

2019), organics contaminated wastewater (Xia and Hu, 2019), degradation of atrazine in 

water (Liu et al., 2020), pre-treatment of peat water (Qadafi et al., 2020), treatment of 

high concentration acid plasticizer wastewater (Wan et al., 2020), oxidation of 

pharmaceutical drugs (Patel et al., 2020), and petrochemical wastewater treatment 

(Jothinathan et al., 2021; Sun et al., 2020). 

Apart from water treatment, microbubbles have exhibited a great potential in 

various engineering and medical applications due to their extremely high bioactivity and 

mass transfer efficiency. For instance, in medical applications, microbubbles are used for 

scanning body organs, drug delivery, and as a gene carrier and ultrasound contrast agent  

(Dijkmans et al., 2004; Geis et al., 2012; Kaufmann and Lindner, 2007; Kurup and Naik, 

2010; Sirsi and Borden, 2009; Xu et al., 2011). Agarwal et al. (2011) have reviewed 

several works and concluded that the ability of generating free radicals without using any 

toxic chemical has proved  that the use of microbubbles is a good technique for controlling 

membrane fouling and cleaning conducting surfaces. Microbubbles have got a great role 

in the dissolved air flotation (DAF) technique for the removal of oil from water (Al-

Shamrani et al., 2002; Zouboulis and Avranas, 2000). Terasaka and Shinpo (2007) have 

reported that microbubbles are effective in the separation processes, e.g., removal of 

volatile contaminants and particulate matters from aqueous solutions. Enzyme extraction 

and protein recovery are some other applications of the microbubble technology (Jauregi 

and Varley, 1999; Xu et al., 2011). 

 

1.4.2 Properties of microbubbles  

The long residence time in the water and the high gas dissolution ability of the 

microbubble  are the most significant characteristics, which help it to decrease its volume 
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gradually and subsequently collapse in water (Liu et al., 2010). The ordinary bubbles (i.e., 

macrobubbles) rise rapidly through water and burst at the surface of water (Figure 1.3). 

Hence, the solubility of the gas in water is very low. Whereas, the microbubbles gradually 

decrease in size and ultimately collapse under the water and disappear (Takahashi, 2009). 

A lower rising velocity of the microbubble ensures its longer residence time in the 

column, allowing more opportunities for interaction between the target molecules of the 

pollutant and the ozone molecules (Al-Shamrani et al., 2002). For instance, a 10 µm 

diameter microbubble rises only 20 cm in an hour in water (Tsuge, 2014). The gas inside 

the microbubble has a very good solubility in water due to the high internal pressure. 

Bubble diameter is inversely proportional to the pressures difference between the inside 

of the bubble and its outside. It can be expressed by the Young‒Laplace equation (Ghosh, 

2009)                                                              

4
  g lP P P

d


     (1.1) 

The pressurized gas gets efficiently dissolved in the surrounding water and obeys Henry’s 

law  Hp k C . According to Henry’s law, the amount of dissolved gas around the 

shrinking bubble increases with increasing gas pressure inside the bubble. Li et al. (2009c) 

have reported that when the gas dissolves in a solution, the bubble shrinks further as the 

gas pressure inside the bubble increases due to the increase in the curvature. The rate of 

shrinkage also increases with time, which leads to the collapse of the microbubble 

(Takahashi, 2010). Several minutes may be required for the collapse of microbubbles 

(Takahashi, 2010). From Equation (1.1), very small bubbles are expected to have a very 

high internal gas pressure.  The size of bubbles formed by single-pore nozzle and rotating-

flow type of microbubble generators was compared by Tsuge et al. (2009). Smaller-size 

microbubbles were formed with the rotating-flow microbubble generator as the bubbles 
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were sheared and crushed by the rotating flow. When the outlet pressure of the pump was 

large, which implies that the change in pressure (i.e., P ) was greater, smaller bubbles 

were produced with both the generators, which agrees with Young‒Laplace equation [i.e., 

Equation (1.1)]. 

 The rate of mass transfer is higher for the microbubble process due to the slow 

rising velocity, large gas–liquid interfacial area, and high internal pressure. Therefore, the 

concentration of ozone in the aqueous phase would be high, which can generate more 

hydroxyl radicals. This can lead to a faster rate of reaction with the target pollutant and a 

quicker oxidation of the latter. Microbubbles enhance the formation of hydroxyl radicals 

in two ways. The microbubble surface is negatively charged due to the preferential 

accumulation of the hydroxyl ions at the gas–liquid interface (Liu et al., 2020). 

Consequently, the ozone molecules can readily react with the hydroxyl ions and 

decompose into the hydroxyl radicals through the series of reactions shown in Table 1.2. 

Besides, hydroxyl radicals are also generated by the self-shrinkage and collapse of the 

microbubbles.  To summarize, the use of microbubbles can significantly increase the 

efficiency of the ozonation process due to the high rate of mass transfer, less ozone 

requirement, and generation of the hydroxyl radicals.  
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Figure 1.3: The difference between microbubbles and macrobubbles. 

 

Various factors such as the presence of surface-active impurities and electrolytes 

can have significant effects on the size of the microbubbles. Increase in the salt 

concentration (e.g., NaCl) in the solution decreases the size of the microbubbles (Walker 

et al., 2001). Some authors (Hofmeier et al., 1995) have suggested that the surface 

elasticity plays an important role on the size of the bubbles in the presence of NaCl. In 

general, pure liquids or solutions with a smaller surface elasticity give rise to large 

bubbles through the coalescence of the smaller bubbles. In the aqueous solutions with a 

high values of surface elasticity, bubble size is reduced by the inhibition of coalescence.  

 Several methods are available for measuring the size of microbubbles. Digital 

cameras (such as CCD cameras and microscopes) are used for simple visualization of the 

microbubbles (Kawahara et al., 2009; Sadatomi et al., 2005; Zhang et al., 2000). Bubble 

diameter up to 1µm can be digitally processed and measured by this technique. Some of 
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the other available technologies for measuring the size of the microbubbles are dynamic 

light scattering (Berne and Pecora, 2000), laser light scattering using single particle 

optical sizing apparatus (Pelssers et al., 1990), phase Doppler anemometry (Hosokawa et 

al., 2009), and X-ray particle tracking velocimetry (Lee and Kim, 2005). The laser light 

scattering technique is more sophisticated where a laser beam is shone on the dispersion 

containing the microbubbles, and the scattered light is detected by a photomultiplier tube 

detector. The intensity of the scattered light is proportional to the bubble diameter. 

Dynamic light scattering, which is based on the Brownian motion, is another sophisticated 

technique used for the measurement of micro-nanobubbles (Berne and Pecora, 2000). The 

velocity of the Brownian motion is defined by the translational diffusion coefficient, and 

the Brownian motion becomes slower with the increase in the size of the bubble. For large 

bubbles ( 1 μm) , this method is not suitable. 

 

The size of a spherical micro-nanobubble can be calculated by using the Stokes‒

Einstein equation (Ghosh, 2009). 

As the bubbles produced from the microbubble generators have a broad size distribution, 

the average diameter of the microbubbles is often expressed as a function of the number 

of the bubbles ( )in  and the bubble diameter ( )bid . The Satuer bubble diameter 32( )d is 

defined as (Majumder, 2016)  

3
1

32 2
1

n
i bii

n
i bii

n d
d

n d









 (1.3) 

The kinetic properties (i.e., rising velocity of the microbubbles) are the other important 

characteristics. The motion of the microbubbles in water under gravity is similar to that 

3

RT
d

N DA b
  (1.2) 

TH-2591_136107035



 

18 

 

of a hard colloid particle. The balance of the buoyancy and drag forces acting on it 

determines the rising velocity of a microbubble through a liquid. From different 

experimental results on the rising velocity of microbubbles, it has been reported that they 

follow the Stokes equation (Tsuge, 2014), i.e., the rising velocity can be expressed by the 

following equation (Ghosh, 2009).  

2

18

lgd
u




  (1.4) 

The experimental works of Takahashi (2005) have shown that the rising velocity of the 

microbubbles closely obeyed the Stokes law. The average rising velocity of the 

microbubbles has been expressed in terms of the fractional gas hold-up and the superficial 

gas velocity (Kawahara et al., 2009). 

The surface of the microbubbles dispersed in water is charged. This surface charge 

can be measured in terms of zeta potential, which is the potential at the plane of shear. 

Various scientists have reported that the zeta potential of the microbubbles is negative 

(Hasegawa et al., 2009; Qu et al., 2009; Takahashi, 2005). The zeta potential strongly 

depends on the pH of the medium but does not significantly vary with the bubble 

diameter. It has been reported (Tsuge, 2014) that the average zeta potential at the 

microbubble surface is in the range of –30 to –40 mV. However, when the microbubbles 

shrink in water, the transient value of zeta potential shows a significant variation with 

time, and hence, with bubble diameter. When the microbubble collapses, an ionic field of 

very high ion concentration is created that helps the formation of hydroxyl radicals, which 

are the main reactive species in the oxidative treatment of wastewater (Takahashi, 2010; 

Takahashi et al., 2007a). The presence of surface active compounds in water, such as 

surfactants and alcohols, have a significant effect on the zeta potential of microbubbles. 

These compounds have a high concentration at the air–water interface even when they 
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are present in trace amounts. Hence, they easily displace the OH and H+ ions from the 

interface, because the surface activity of the latter ions is much smaller (Khuntia et al., 

2012a). 

 

1.4.3 Mass transfer in the microbubble systems 

The primary objective of using the microbubble technology in ozonation for the treatment 

of water and wastewater is to improve the mass transfer to enhance the reaction. In this 

process, the gas present in the microbubbles must dissolve in the surrounding aqueous 

phase before reacting with the target pollutants. 

The general two film-theory of gas absorption was demonstrated first by Whitman 

(Whitman, 1962). Based on the assumptions of no deviation from the Henry’s law, local 

steady-state in the films, little temperature variation, one dimensional concentration 

gradients in the film, and local equilibrium between the gas and liquid phases at the gas‒

liquid interface, the two-film theory  can be expressed as shown in Figure 1.4 (Whitman, 

1962) 

 

   g g i l i l
dC

k P P k C C
dt

     (1.5) 

From Equation (1.5), it is observed that the concentration of the gas in the liquid phase 

increases as it is dissolved in the liquid phase. The rate of increase in concentration of the 

gas in the liquid phase is expressed in terms of the volumetric mass transfer coefficient

( )lk a , which is the product of mass transfer coefficient ( )lk  and the interfacial area per 

unit volume ( )a . The rate of change of concentration is given by (Khuntia et al., 2012a) 

 *
l l

dC
k a C C

dt
   (1.6) 
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where *C is the
 
saturation concentration of the gas in water. The interfacial area per unit 

volume is related to the fractional gas hold-up ( )g  and Sauter mean diameter as  

32

6 g
a

d


  (1.7) 

 

Figure 1.4: Mass transfer in the gas–liquid systems according to the two-film theory. 

 

 

 The overall mass transfer coefficients in the liquid ( )lK  and gas phases ( )gK  are 

given by the following relation (Cussler, 1997). 

1 1 1 1

l g l gK K H k k H
    (1.8) 

In Equation (1.8), the gas phase mass transfer resistance term can be neglected because, 

for small bubbles, gk  is large, since the gas molecules need to diffuse through a small 

distance (Motarjemi and Jameson, 1978). In addition to this, the gas phase mass transfer 

resistance can be ignored due to the relatively less solubility of ozone in water, and the 

mass transfer resistance mainly lies in the liquid phase (Johnson and Davis, 1996). Thus, 
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it is reasonable to approximate ( )l lK k . For a microbubble rising in water following 

the Stokes law given by Equation (1.4), the following correlation can be used to estimate 

the mass transfer coefficient (Clift et al., 2005): 

 

1 3

1 1l
D du

k
d D

  
    

   
 (1.9) 

Several researchers (Waslo and Gal-or, 1971) have proposed different correlations, such 

as Equation (1.10), to estimate the mass transfer coefficient for different systems, which 

are applicable for industrial dispersions containing small bubbles and microbubbles having 

rigid surface. Equation (1.11) (Motarjemi and Jameson, 1978) is applicable for the 

microbubbles whose surfaces are immobile, and hence the microbubbles behave like solid 

particles. 
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 (1.10) 
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   
    

    
 (1.11) 

It has been reported (Khuntia et al., 2012a) that Equation (1.12) (Calderbank and Moo-

Young, 1961) is applicable for bubbles of diameter of < 100 µm having a rigid surface.  

1 3
2 30.31l

g
k D





 
  

 
 (1.12) 

Johnson and Davis (1996) have reported that the temperature dependence of  the 

diffusivity of ozone in water,
3OD , can be expressed by an Arrhenius function, as shown 

by Equation (1.13). 

3

6
O

1896
1.1 10 expD

T

  
   

 
 (1.13) 
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1.4.4 Microbubble generators  

There are various methods for generating microbubbles, and the principles of generation 

have their own effects on the microbubble properties (Ikeura et al., 2011a; Parmar and 

Majumder, 2013; Terasaka et al., 2011). Since efficiency and performance of 

microbubble systems depend on the diameter and number density of the microbubbles, it 

is important to understand the mechanism of their generation and optimize them in the 

design of the microbubble generators (Maeda et al., 2015). Microbubbles, formed by any 

method, have a wide size distribution, which can be unimodal or bimodal. The 

microbubble generation technique has a significant effect on the width and shape 

distribution of the microbubbles (Li, 2006).  

 In general microbubble generators can be classified into two major types i.e. gas–

water circulation and pressurization‒decompression types. In the former type, gas is 

introduced into the water vortex, bubbles are formed, and they are broken into 

microbubbles by breaking the vortex. In the second type of microbubble generator, a 

supersaturated solution is formed by dissolving a sufficient amount of gas in water under 

moderately high pressure. The supersaturated solution thus formed is unstable and the gas 

escapes from water generating a large number of microbubbles (Ikeura et al., 2011a; 

Khuntia et al., 2012a; Takahashi, 2009). Maeda et al. (2015), in their review, have 

classified methods of microbubble generators into four types, i.e., bubble breakup, 

ultrasonic wave, microfluidic devices, and pressurized dissolution. Table 1.4 summarizes 

these methods. 

 

Table 1.4: Summary of the microbubble generation methods  

Method  Principle Unique properties  Reference 
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Bubble 

breakup 

Bubble breakup 

due to shear 

flow/pressure 

wave 

Generates microbubbles at a 

high void fraction but 

relatively larger diameters  

Sadatomi et al. 

(2005) 

Ultrasonic Ultrasonic waves Can generate monodisperse 

fine microbubbles, but the 

number density of the 

microbubbles is low 

Makuta et al. 

(2006) 

Microfluidic Microfluidic 

technology 

Can generate monodisperse 

fine microbubbles but the 

number density of the 

microbubbles is low 

Xu et al. (2006) 

Pressurized-

dissolution 

Depressurization/ 

decompression 

Can generate fine 

microbubbles with a high 

number density 

Hosokawa et al. 

(2009) 

 

 

 Sadatomi et al. (2012) have invented and developed the orifice type of 

microbubble generator. Their generator has an orifice in a flowing water tube. When 

pressurized water is introduced into the generator, the velocity of water through the orifice 

becomes several times of that at the exit of the generator. Thus, from the energy 

conservation principle, the pressure at a little downstream of the orifice becomes negative. 

With the aid of the negative pressure, air is automatically sucked through a porous pipe 

embedded inside the pipe, and this air is converted to a huge number of microbubbles by 

a high-shear water flow with strong turbulence. Thus, the generator can discharge a water 

jet with microbubbles from the exit. 

 Terasaka et al. (2011) have discussed the principles of four types of microbubble 

generators, i.e., spiral liquid flow, venturi, ejector, and pressurized-dissolution. In the 

spiral liquid flow type microbubble generators, the pumped water is tangentially 
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introduced from a side hole into a cylinder. The spiral liquid flow is produced, and it 

forms a maelstrom-like cavity in the cylinder. Then the gas is sucked from an orifice on 

the bottom, and it spouts out with the liquid from a hole situated at the top of the cylinder, 

where the gas is reduced to very fine bubbles (i.e., microbubbles) as a result of the 

centrifugation effect caused by the flow of high-speed rotating liquid. In the venturi type 

microbubble generator, a liquid stream involving conventional macrobubbles flows from 

the inlet of a venturi tube to its throat. As the two-phase flow is accelerated through the 

throat of the venturi tube, the dynamic pressure changes very rapidly and microbubbles 

are formed by reducing the millibubbles and/or by cavitation. In the typical ejector type 

microbubble generator, liquid flow-channels in the cylindrical generator are designed to 

shrink and stepwise expand, so that a complex pressure profile is produced along the 

stream. The gas is self-sucked from the most reduced pressure point, and reduced to a 

number of microbubbles by cavitation. In the pressurized-dissolution type of microbubble 

generator, a mixture of liquid and gas is pressurized in the tank. The gas is dissolved at 

(or near) the saturation condition. When this saturated liquid is flashed using a reducing 

valve, the microbubbles are generated. The pressure in the pressurized tank and the 

decompression process determine the size and population of the microbubbles. 

Terasaka et al. (2011) have concluded that the microbubble generators are much 

more efficient for transferring oxygen into the aqueous phase than the conventional gas 

distributors (e.g., perforated plate and constant-flow nozzle). The spiral liquid-flow type 

of microbubble generator had shown the highest oxygen transfer coefficient even at a low 

air flow rate. However, it consumed more energy than the typical distributors. Both spiral 

liquid-flow and pressurization‒decompression types of microbubble generators showed 

a high gas hold-up. They proposed a new aeration system utilizing a spiral liquid flow 

type of microbubble generator for improving an industrial wastewater treatment system. 
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In general, the power requirement of the microbubble generators is relatively higher 

because of the necessity of the pump, which is not required for the conventional gas 

distributors. Therefore, when the microbubble generators are used, the disadvantage of a 

high power consumption and the advantage of a better performance should be weighed 

before taking a decision. 

 

1.5 Ozone millibubbles and microbubbles 

Transfer of ozone to water is a very important task in water and wastewater treatment 

reactors (such as the bubble column reactors). Usually ozone, which is used in dilute gas 

mixtures, is transferred to the aqueous phase inside the bubble columns by spargers. Study 

of bubble size is very important in these reactors. The following paragraphs describe some 

works reported on the effectiveness of using ozone microbubbles for water and 

wastewater treatment. Some of the works have also given a comparative study with that 

of the conventional millibubbles. 

Shin et al. (1999) have reported ozonation using microbubbles formed by an 

electrostatic ozonation reactor. This reactor produced fine microbubbles via electrostatic 

spraying. They focused on the behavior and the characteristics of their reactor. They had 

investigated the electrostatic spraying of ozone into water as a method of improving the 

rate of mass transfer, which enhanced phenol degradation. They have determined that the 

rate of mass transfer had increased by as much as 40% when the applied voltage was 

increased from 0 to 4 kV as a result of the smaller bubbles generated by electrostatic 

spraying. The comparative study with medium pore size bubble diffuser indicated that 

electrostatic spraying was more effective.  

Chu et al. (2007) have presented a comparative study of ozonation of a simulated 

wastewater containing the dye, Reactive Black 5, by using both microbubble generator 
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and the conventional bubble contactor. They had qualitatively tested the concentration of 

hydroxyl radicals produced from ozone using terephthalic acid as the chemical probe. 

They measured the size of microbubbles using a microscope equipped with a CCD 

camera. The bubble size was analyzed by using the Image-Pro Plus® software. The 

microbubble generator produced a milky and high-intensity dispersion in which the 

bubbles had a mean diameter of 58 µm. Their work included a comparative study of the 

total mass transfer coefficient, rate constant, amount of TOC removed per gram of ozone 

consumed, and decolorization. In all the cases, they concluded that the microbubble 

system was a more promising process than the conventional bubble contactor system. 

They suggested that in addition to the enhancement of mass transfer, microbubbles, which 

had higher inner pressure, could accelerate the formation of the hydroxyl radicals, and 

hence improve the oxidation of the dye molecules. 

Chu et al. (2008a) have reported another comparative study of enhanced treatment 

of textile wastewater by the microbubbles and conventional bubble contactor. Similar to 

their previous report, higher oxygen transfer rate was observed at lower gas flow rate. 

Volumetric oxygen transfer rate of 0.024–0.115 mg dm‒3 s‒1 and total mass transfer 

coefficient of 0.002–0.008 s‒1 were obtained at the air flow rates of 0.0003–0.025 dm3 s‒

1 using the microbubble system. Almost complete utilization of the input ozone was 

observed, and the rates of decolorization and organic reduction were much faster than 

those of the conventional bubble contactor. Their results verified that the time required to 

remove 80% of the color from the textile wastewater by the microbubble system was 

about 8.4 ks, which showed 50% improvement compared to that of the conventional 

bubble contactors (i.e., 16.8 ks).  The COD removal efficiency also improved by almost 

20%. They concluded that the microbubbles improved the oxidation of textile wastewater 

in addition to the enhancement of the mass transfer of ozone. 
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Chu et al. (2008b) compared the performance of sludge solubilization and 

reduction using microbubble-based ozonation and conventional ozonation using a bubble 

contactor. Their study corroborated the earlier works that microbubble-aided ozonation 

was more effective in increasing ozone utilization and improving sludge solubilization 

than the conventional bubble contactor. For the same contact time of 4.8 ks, more than 

99% ozone utilization efficiency was obtained using the microbubbles, while the same 

was only about 72% for the conventional bubble contactor. Their results showed that the 

microbubble system showed better performance than the conventional bubble contactor 

in most cases (e.g., rate of microbial inactivation, removal of COD, and removal of total 

nitrogen and phosphorous). 

 Li et al. (2009b) studied decomposition of phenol by collapsing air microbubbles. 

They have reported up to 60% degradation during a 3.6 ks test period using air 

microbubbles. The main parameters studied by them were the pH of the solution and the 

type of gas used as the source of microbubbles. Their results showed that the degradation 

of phenol was favored by a more acidic solution. The reduction of phenol greatly 

increased when the pH of the solution decreased from 4 to 2. The use of oxygen 

microbubbles showed a better reduction rate than their nitrogen counterpart. Using t-

BuOH (a well-known hydroxyl radical scavenger), they verified that the hydroxyl radicals 

were mainly responsible for phenol decomposition in both the cases. Their analysis 

included the effect of the degree of ionization of phenol in aqueous solution, since ion 

distribution on the gas‒water interface has a vital effect on the decomposition reaction.  

 Li et al. (2009d) studied oxidation of dimethyl sulfoxide (DMSO) using ozone 

microbubbles. They have reported that it is a first-order reaction controlled by mass 

transfer. They have also studied the dependence of degradation of DMSO on liquid and 

gas flow rates. Their results show that the increase in gas superficial velocity enhanced 
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the reaction rate, and the ozone transfer ratio decreased with the gas flow rate. In addition, 

they have also observed that no changes in DMSO concentration and TOC occurred with 

the air microbubbles at the pH range of 4.3‒9.5, and different salt concentrations (i.e., 0‒

0.1%), which suggested that free hydroxyl radicals were not generated under these 

conditions. 

 Ikeura et al. (2011b) studied the removal of the residues of a pesticide [i.e., 

fenitrothion (FT)] from lettuce and fruity vegetables (such as cherry tomatoes and 

strawberries) using ozone microbubbles. They have reported that the removal was fast 

and very effective. A comparison with the ozone millibubbles indicated that the former 

were more effective than the latter because of the generation of the hydroxyl radicals. In 

another research article (Ikeura et al., 2011a), they have reported a comparative study 

between two ozone microbubble generation methods (i.e., decompression and gas‒water 

circulation types), and analyzed their effectiveness for the removal of similar residual 

pesticides. Their results suggest that the microbubbles generated from the decompression 

type were more effective than those from the gas‒water circulation type of generators for 

removing the residual pesticide in vegetables, which was attributed to the larger number 

of fine bubbles that could easily penetrate into the vegetables. 

Kobayashi et al. (2011) have reported the effectiveness of ozone microbubbles in 

disinfection i.e., inactivation of two phytopathogens found in plant roots (i.e., Fusarium 

oxysporum f. sp. melonis and Pectobacterium carotovorum subsp. carotovorum) in 

hydroponic culture solutions. They proposed that it was a new disinfectant method having 

a good potential. Higher solubility and longer durability of the ozone microbubbles in 

water was the reason behind its consideration as the best disinfectant against both the 

phytopathogens. Increase in the initial dose of ozone improved the disinfection process. 
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They had done a comparative study with ozone millibubbles and concluded that the 

microbubbles had a higher disinfectant activity than the ozone millibubbles.  

Wen et al. (2012b) designed and tested an environment-friendly physical 

separation method employing microbubbles, as an alternative to the conventional DAF 

systems. They had   tested the effectiveness of a microbubble system that employed air 

and ozone microbubbles for the treatment of three types of common industrial 

wastewater, i.e., oily wastewater, hotel laundry water, and fish pond wastewater. Without 

addition of any chemical, they concluded that microbubbles were simple yet effective for 

the removal/reduction of oil and grease, ammonia, TSS, BOD and COD. Their test results 

revealed that both air and ozone microbubble systems achieved large reductions in the 

TSS, BOD, and COD, and these methods were cost effective. 

 Zhang et al. (2013), investigated the effect of inlet ozone concentration on the 

disinfection performance of an ozone microbubble system for inactivation of a selected 

model microorganism (i.e. Bacillus subtilis spores). They have reported that in the 

microbubble ozonation system, for 3 min of contact time, the log reduction (i.e. 90% 

reduction in numbers of live microorganism) under high inlet ozone concentration was 

much higher than that under low inlet ozone concentration. For the same contact time, 

nearly about ten times log reduction improvement was observed when the initial ozone 

concentration increased from 40 to 140 mg dm‒3. Moreover, they have verified that 

increase in the inlet ozone concentration enhanced the ozone utilization efficiency, as it 

was a potential reason to reduce the bubble size. It significantly improved interfacial area 

per unit volume of the microbubble and increased the mass-transfer coefficient. 

 Summary of applications of oxygen and ozone microbubbles for 

water/wastewater treatments is given in Table 1.5.
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Table 1.5: Applications of oxygen and ozone microbubbles for water/wastewater treatment 

Target pollutant   Type of waste Method of microbubble 

generation 

Type of 

gas 

d 

(µm) 

% removal  Time 

(min) 

Reference 

p-xylene Organic  Spinning-disk generator Oxygen  ‒ BDL 120 Jenkins et al. (1993) 

Phenol  Organic  Electrostatic spraying Ozone  40‒60 100 10 Shin et al. (1999) 

BTEX organics organic Electrostatic spraying Ozone  10−80 83 10 Walker et al. (2001) 

E. coli Microorganism  Pressurized solution Ozone  30−60 Significant 10 Sumikura et al. (2007) 

Reactive black 5 Dye  Spiral liquid flow  Ozone  < 58 99 30 Chu et al. (2007) 

Sludge  Sludge  Spiral liquid flow Ozone  < 58 80 20 Chu et al. (2008b) 

DMSO Detergent (odor) Rotating flow Ozone  50 70 10 Li et al. (2009d) 

Methyl orange Color  Shirasu porous glass 

membranes 

Oxygen  5.8 94.1 20 Tasaki et al. (2009) 

Microorganism* Microorganism  Spiral liquid flow Ozone  – 100 3 Kobayashi et al. (2011) 

Fenitrothion  Pesticide  Decompression Ozone  10 55 10 Ikeura et al. (2011a) 

Gas‒water circulation Ozone  40 45 10 

Bacillus subtilis Microorganism  Decompression  Ozone  40−60 100 3 Zhang et al. (2013) 

Rotary flow type nozzle Ozone  ‒ Significant 15 Tsuge et al. (2009) 

Ammonia  Odor  Pressurized dissolution Ozone  25 >99 120 Khuntia et al. (2012b) 

Arsenic (III) Arsenic  Pressurized dissolution Ozone  25 98 30 Khuntia et al. (2014a) 

* “Microorganism” stands for Fusarium oxysporum f. sp. melonis and Pectobacterium carotovorum subsp. Carotovorum. 

Corona discharge ozone generation method was used for all cases. 
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1.6 Literature survey on the removal of target pollutants 

1.6.1 Removal of dimethyl and diethyl phthalate 

Nowadays, industrial wastewaters are becoming more and more complex due to the presence 

of emerging contaminants. Among these emerging contaminants, the organic pollutants are 

more recalcitrant and pose serious problems. Plasticizer is one such category, which includes 

the phthalates. These are synthetic compounds used predominantly as additives in plastics to 

improve their mechanical properties during post-processing (Cadogan, 1991; Staples et al., 

1997). Due to their wide production and utilization, phthalates are ubiquitous and persistent 

organic pollutants in the environment. They are also present in the cosmetics, solvents, 

lubricants, toys, disposable medical packages and insecticide carriers (Abdel daiem et al., 

2012; Khan et al., 2015). The environmental fate of phthalates is considerably important due 

to their effects on the health of human beings and animals. They were classified as “priority 

pollutants” and “endocrine-disrupting” compounds by the United States Environmental 

Protection Agency and other similar international agencies (Chang et al., 2005; EPA, 2014). 

The annual worldwide production of phthalates is about 6–8 million tons (Net et al., 2015; 

Xie et al., 2007). Figure 1.5 shows the significant increment of annual productions of 

phthalates over the last four decades (Huang et al., 2013; Net et al., 2015; Peijnenburg and 

Struijs, 2006). Most of the phthalates can easily escape into the environment during 

manufacturing, use, and/or after the disposal of the product, because they are not chemically 

bonded to the polymeric matrix (Bauer et al., 1998; Fromme et al., 2002; Huang et al., 2013; 

Roslev et al., 2007). Biodegradation is generally the desired removal method for these 

phthalates. However, some studies have indicated that some phthalates are poorly degraded 
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and some of them are considered as resistant to biological treatment (Maldonado et al., 2006; 

Staples et al., 1997). 

 

Figure 1.5: Annual production of phthalates. 

 

Dimethyl phthalate (DMP) and diethyl phthalate (DEP) are among the most 

frequently identified phthalates in the environment. They were selected as model target 

pollutants in this research to investigate their removal from water by using ozone 

microbubbles. DMP is commonly encountered in the environment because of its high 

mobility and widespread usage in the aquatic systems (Abdel daiem et al., 2012). DEP is 

used as a plasticizer in various products such as in plastic packaging and as an ingredient in 

more than 60 cosmetic formulations (Api, 2001). The DEP molecule has a non-dissociating 

structure (Mansouri et al., 2013). The chemical identifications and physicochemical 

properties of DMP and DEP are given in Table 1.6. 
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Table 1.6: Chemical identifications and physicochemical properties of DMP and DEP 

Chemical identifications  Physicochemical properties (Staples et al., 

1997) 

Chemical name: Dimethyl phthalate  

Molecular formula: C10H10O4 

Molecular weight: 194.2 g mol‒1 

CASRN: 131-11-3 

Chemical structure: 

 

Physical state: colorless, oily liquid 

Density: 1190 kg m‒3 at 293 K 

Solubility in water: 4200 mg dm‒3 at 298 K 

Boiling point: 556 K 

Melting point: 268 K 

Vapor pressure: 0.27 Pa  at 298 K 

Henry’s constant: 1.24 × 10‒2 Pa m3 mol‒1 

Chemical name: Diethyl phthalate  

Molecular formula: C12H14O4 

Molecular weight: 222.23 g mol‒1 

CASRN: 84-66-2 

Chemical 

structure: 

 

Physical state: colorless, oily liquid 

Density: 1120 kg m–3 at 298 K 

Solubility in water: 1080 mg dm–3 at 298 K 

Boiling point: 568 K 

Melting point: 233 K 

Vapor pressure: 0.28 Pa  at 298 K 

Henry’s constant: 6.2 × 10‒2 Pa m3 mol–1 

 

The common methods employed for the removal of DMP are based on metabolic 

degradation by microorganism under aerobic or anaerobic conditions (i.e., biological 

treatment) (Brar et al., 2009; Liang et al., 2007; Roslev et al., 2007; Shelton et al., 1984; 

Staples et al., 1997; Vega and Bastide, 2003). However, previous studies have indicated that 

most phthalates are poorly degraded and some of them are considered as “refractory” (i.e., 
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resistant) to biological treatment (Bauer et al., 1998; Chen et al., 2008). Most of the works 

reported on the removal of DMP from water are based on catalytic ozonation. For instance, 

high-silica zeolites (Chen et al., 2008), ruthenium supported on alumina (Ru/Al2O3) (Yunrui 

et al., 2007), RuO2/Al2O3 (Wang et al., 2013), cerium supported on activated carbon (AC) 

(Ce/AC) (Li et al., 2009a), TiO2/Al2O3 (Chen et al., 2011), TiO2 (Jing et al., 2011), and 

ruthenium/AC (Wang et al., 2009a) are some of  the catalysts and supports, which have been 

used for the catalytic ozonation of DMP. The primary objective of applying catalytic 

ozonation for DMP degradation was to enhance the formation of reactive hydroxyl radicals 

in the aqueous medium. 

Several methods have been reported the removal of DEP from water and wastewater. 

Some of them are ozonation (Jung et al., 2010; Legube et al., 1983), ozonation with UV 

irradiation (Oh et al., 2006), ozonation in the presence of H2O2 (Wen et al., 2011), treatment 

with UV irradiation and H2O2 (Xu et al., 2007), ozonation in the presence of activated carbon 

(de Oliveira et al., 2011; Mansouri et al., 2013; Nahum et al., 2013), electro-peroxone process 

(Hou et al., 2016), photo-Fenton process (Yang et al., 2005a), sonophotolysis and 

sonophotocatalysis (Na et al., 2012), and membrane filtration (Bodzek et al., 2004). Most of 

the ozonation processes have used conventional bubbles or millibubbles. Some works (Yuan 

et al., 2002) show that DEP is difficult to degrade by the biological and photo-chemical 

methods. Hence, there is a strong need to search for effective treatment processes for the 

removal of DEP from water and wastewater. The conventional ozonation plants use 

millibubbles. The size of the bubbles depends on the sparger used in these setups. In the 

conventional reactors, a considerable amount of ozone is wasted, which leads to the loss of 
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energy. Therefore, a better gas–liquid contactor is required that can perform rapid oxidation 

of the organic compounds, and also reduce the ozone loss.  

 In recent years, microbubble technology has been extensively used for improving 

ozone-based advanced oxidation processes for water and wastewater treatment due to their 

important physicochemical properties (Agarwal et al., 2011; Gurol, 1985; Khuntia et al., 

2012a; Sadatomi et al., 2012; Shin et al., 1999; Takahashi, 2005; Takahashi et al., 2007b; 

Takahashi et al., 2012). These include large gas–liquid interfacial area, low rising velocity 

through water, surface with a high curvature, and electrically charged gas–liquid interface 

(see Section 1.4.2). These features are of great importance in the enhancement of transfer of 

ozone to the aqueous phase and generation of hydroxyl radicals (Takahashi et al., 2003). The 

hydroxyl radical is a strong oxidant with a standard redox potential of +2.8 V (Masten and 

Davies, 1994). Hence, application of ozone microbubbles may be an efficient alternative 

method for the complete removal of DMP and DEP from water. To the best of our 

information, hardly any work has addressed the use of ozone microbubbles for the removal 

of these two phthalates from water/wastewater. 

 

1.6.2 Oxidation of bisphenol-A 

Endocrine-disrupting chemicals (EDCs) are among top emerging contaminants. They are 

subclasses of the ubiquitous organic pollutants in the various waters (i.e., streams, drinking 

waters, seawater, groundwater, wastewaters) at very low concentrations. They have become 

the focus of environmental research in recent years, which implies that they are still 

unregulated, or in the process of regularization. EDCs are exogenous chemicals, or a mixture 

of chemicals, that can interfere with any aspect of hormone action (Zoeller et al., 2012). Such 
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compounds include bisphenols, alkylphenols, phthalates, pesticides, organotin compounds, 

polychlorinated biphenyls, polycyclic aromatic hydrocarbons, pharmaceuticals, natural 

hormones, and heavy metals (Umar et al., 2013). Literature shows that they often survive the 

conventional wastewater treatment processes, eventually entering water resources or water 

supplies. These compounds have adverse impacts on both human beings and natural 

organisms at trace/low concentrations, which may cause disruption of the endocrine systems, 

and affect the hormonal control of development in aquatic organisms and wildlife. Thus, it 

is desirable to remove these chemicals from water. 

Bisphenol-A (BPA) is primarily used as an intermediate-monomer in the production 

of epoxy resins and polycarbonates (Kang et al., 2006; Umar et al., 2013). It is produced in 

high volumes. The worldwide production of BPA is about 2.7 × 109 kg every year (Burridge, 

2003; Vandenberg et al., 2007). The United States Environmental Protection Agency has 

classified BPA as an EDC (Crisp et al., 1998). Due to the use of BPA for manufacturing 

products used in many applications, it is expected that human exposure to BPA may be 

widespread, and these exposures may reach high levels (Dekant and Völkel, 2008). BPA has 

been released into the environment because of its widespread use, and it is frequently detected 

in the influent, effluent, and sludge of the wastewater treatment plants (Fürhacker et al., 2000; 

Vethaak et al., 2005), treated drinking water (Rodriguez-Mozaz et al., 2004), surface water 

(Kolpin et al., 2002), hazardous waste landfill leachates (Yamamoto et al., 2001), tissues of 

aquatic animals (Hayashi et al., 2008; Vethaak et al., 2005), and sediment samples from rivers 

and lakes (Fromme et al., 2002; Vethaak et al., 2005). 

Wastewater treatment plants are considered to be one of the major secondary sources 

of BPA pollution due to its incomplete degradation by the physico-chemical and biological 
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treatments (Tan et al., 2007; Umar et al., 2013).  A comprehensive review by Umar et al. 

(2013) on BPA indicates that there is a lack of knowledge of the effect of BPA on humans, 

however, its harmful effects on animals suggest that there are potentially serious impacts on 

humans. BPA is believed to cause neurochemical and behavioral effects (Vom Saal and 

Hughes, 2005), obesity-promoting effects, type II diabetes  (Rubin and Soto, 2009; Wetherill 

et al., 2002), reproduction and developmental effects such as ovarian diseases and 

miscarriages, human prostate cancer, cardiovascular disease, hormonal imbalance, and liver 

enzyme abnormalities (Sugiura-Ogasawara et al., 2005; Takeuchi et al., 2004). 

The extensive detection of BPA in the environment, and its serious health effects 

(Onundi et al., 2017) have caused great concern among public health agencies and 

researchers. Consequently, a considerable amount of work has been done in the last two 

decades investigating its degradation in water and wastewater using various treatment 

techniques such as chemical oxidation (Cui et al., 2009; Li et al., 2008), sonochemical 

reaction (Inoue et al., 2008; Torres et al., 2007), Fenton and sono-Fenton (Ioan et al., 2007), 

photodegradation (Barbieri et al., 2008), photocatalysis (Wang et al., 2009b), UV/H2O2 

(Mehrabani-Zeinabad et al., 2015; Xie and Li, 2006), conventional ozonation (Ahmad et al., 

2015; Deborde et al., 2008; Garoma et al., 2010; Isil et al., 2009; Kusvuran and Yildirim, 

2013; Mehrabani-Zeinabad et al., 2015; Mutseyekwa et al., 2017; Zhang et al., 2008), 

catalytic ozonation (Liu et al., 2015; Luo et al., 2018; Yang et al., 2016; Zhang et al., 2020; 

Zhang et al., 2019), O3/UV/H2O2 (Liu et al., 2018), O3/H2O2 (Mehrabani-Zeinabad et al., 

2016), and O3/UV (Irmak et al., 2005; Mehrabani-Zeinabad et al., 2015). Treatment of BPA 

is difficult by conventional wastewater treatment methods because of its ring structure, which 
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enables the molecules to escape from the primary and secondary treatment facilities 

(Mutseyekwa et al., 2017). 

From the aforementioned extensive literature, it is observed that the ozone-based 

removal techniques can be more efficient for reducing the concentration of BPA in water to 

practically insignificant values. Conventional ozonation, which uses ozone millibubbles, has 

been effective to varied degrees of success for the BPA removal. In order to enhance its 

effectiveness, researchers have coupled it with other processes, such as catalysts, UV light, 

and hydrogen peroxide. The purpose of the catalyst and hydrogen peroxide is to enhance the 

formation of the highly-reactive hydroxyl radical in the aqueous medium, which is a more 

powerful oxidant than ozone. The hydroxyl radical readily reacts with various organic 

compounds through electrophilic addition, electron transfer, hydrogen abstraction, and 

radicalradical reactions, which can lead to complete mineralization of the organic 

compound. Most of the works based on the catalytic ozonation process have reported that it 

is effective in the removal of BPA. However, the major drawback of this process is the 

preparation of the catalyst, which is complicated and expensive. Hence, the application of 

the ozone microbubbles (OMBs) would be a very good alternative, and an efficient method 

for complete degradation of BPA inasmuch as the reaction between ozone and the organic 

compound is expected to be accelerated by the use of the microbubbles, and the hydroxyl 

radicals would be formed in situ without using any catalyst. As far as we are aware, hardly 

any work has addressed the use of OMBs for removing BPA from water/wastewater. The 

chemical identifications and physicochemical properties of BPA are given in Table 1.7. Table 

1.8 shows a summary of the literature for oxidation of BPA in water/wastewater by ozonation 

and ozone-based advanced oxidation processes. 
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Table 1.7: Chemical identifications and physicochemical properties of bisphenol-A 

Chemical identifications Physicochemical properties (Staples et al., 

1998) 

Chemical name: Bisphenol-A 

Molecular formula: C15H16O2 

Molecular weight: 228.29 g mol‒1 

CASRN: 80-05-7 

Chemical structure: 

 

Physical state: white crystalline solid 

Density: 1200 kg m–3 at 298 K 

Solubility in water: 120 – 300 mg dm–3 at 295 

K 

Boiling point: 493 K at 4 mmHg 

Melting point: 431 – 432 K 

Vapor pressure: 87 Pa  at 463 K 

Henry’s constant: 1.0 × 10‒7 Pa m3 mol–1 at 298 

K 

 log owK : 2.20 – 3.82 at 298 K ( owK  is 

octanolwater partition coefficient) 
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Table 1.8: Oxidation of BPA in water/wastewater by ozonation and ozone-based advanced oxidation processes 

Method    Medium  pH Ozone dose  

(mol m–3) 

[BPA]0  

(mol m–3) 

Time* 

(s) 

Removal (%) Reference 

BPA TOC  

O3/H2O2 Water  2–12 0.521–0.625 0.004–0.044 4200 100 – Lee et al. (2003) 

O3 Deionized water 2–10 0.025–0.106 0.023–0.057 840 84–99 – Garoma and Matsumoto (2009) 

O3/TiO2 Water 7 0.625 0.099 7200 100 80 Rivas et al. (2009) 

O3 Deionized water 7 0.208 0.051 5400 > 99 21.5 Garoma et al. (2010) 

O3/Al2O3 Milli-Q water 5 0.094 0.044 3600 100 35, 90 Keykavoos et al. (2013) 

O3 Distilled water 3–10 11.08 0.051–0.509 1500 100 30 Kusvuran and Yildirim (2013) 

O3 Water 3–10 0.458–0.583 0.438 5400 100 52 Mutseyekwa et al. (2017) 

O3/H2O2/UV Demineralized water 3–11 0.002–0.021 8.7610–4 1200 > 99 – Liu et al. (2018) 

*maximum ozonation time required for the oxidation 

 

TH-2591_136107035



 

41 

 

1.6.3 Removal of dimethyl sulfoxide 

Dimethyl sulfoxide (DMSO) is a widely-used detergent and photoresist stripping solvent 

in the manufacturing of semiconductor and liquid crystal displays. The chemical 

identifications and physicochemical properties of DMSO are given in Table 1.9. Its good 

solvent property, stability, and water miscibility have increased its industrial use. As a 

result of these numerous applications, wastewater containing large quantities of DMSO 

are discharged from the washing and rinsing processes (Glindemann et al., 2006; Lee et 

al., 2004; Park et al., 2001; Wu et al., 2006).  

 

Table 1.9: Chemical identifications and physicochemical properties of dimethyl 

sulfoxide 

Chemical identifications  Physicochemical properties (MacGregor, 1967)   

Chemical name: Dimethyl sulfoxide   

Molecular formula: C2H6OS 

Molecular weight: 78.13 g mol‒1 

CASRN: 67-68-5 

Chemical structure:  

 

Physical state: colorless liquid, slightly sulfurous 

odor, very hygroscopic 

Density: 1100 kg m‒3 at 293 K 

Solubility in water: very soluble 

Boiling point: 462 K 

Melting point: 292 K 

Vapor pressure: 0.08 kPa  at 298 K 

Acid dissociation constant (pKa): 35.1 

 

 Degradation of DMSO by the conventional biological methods is known to be 

difficult, because of the odor problems caused by intermediate products such as dimethyl 

sulfide (DMS), methyl mercaptan, and hydrogen sulfide, which makes it difficult to carry 

out the treatment process (Park et al., 2001). Incubation of activated sludge with the 
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DMSO concentration in the range of 1–10 mg dm−3 produces the odorous DMS gas at 

concentrations exceeding the odor threshold by approximately four orders of magnitude 

(Glindemann et al., 2006). In case the DMSO is incompletely recycled and/or 

inappropriately disposed into the sewage plants, the annual worldwide industrial 

production of DMSO about 5  107 kg could result in a significant formation of  DMS 

(Glindemann et al., 2007). Cheng et al. (2009) have reported that the amount of DMSO 

discharged from the industry can exceeded the handling capacity of the wastewater 

treatment plants. This could result in the “canned corn-like” odor when the DMSO 

concentration exceeds ∼0.5 mg dm–3 in the incoming wastewater. 

 The maximum allowable concentration of DMSO in the discharge wastewater, set 

by the United States Environmental Protection Agency, is less than 0.05 mg dm–3 (Chen 

et al., 2016). Scientists, in their effort to develop a cost-efficient treatment of wastewater 

containing DMSO, have studied a combination of conventional biological processes and 

the AOPs. DMSO can be oxidized promptly by chemical oxidation, such as the AOPs, 

and dimethyl sulfone [DMSO2, i.e., (CH3)2 SO2] is formed (Baldoni-Andrey et al., 2005; 

Koito et al., 1998). In this oxidation process, no noxious compound is generated since 

there is no reducing decomposition. However, another method is necessary to treat the 

DMSO2 because it is extremely stable against chemical oxidation. Ozone-based AOPs 

such as O3/UV and O3/H2O2, and photochemical degradation (i.e., UV/H2O2) have been 

reported as effective methods for DMSO removal (Koito et al., 1998; Lee et al., 2004; 

Wu et al., 2007). In the photochemical degradation (UV/H2O2) system, first DMSO is 

decomposed to methane sulfonic acid (MSA) by the hydroxyl radicals generated in situ, 

and the MSA is further degraded easily by conventional biological treatment without 

producing any reduced and harmful sulfur-containing byproducts, as shown in Figure 1.6 

(Koito et al., 1998).  
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Figure 1.6: Possible oxidation routes of DMSO by different AOPs and biological 

treatments. 

 

Oxidation of DMSO by the hydroxyl radicals primarily gives methane sulfonic 

acid (Scaduto, 1995). DMSO is very stable in pure water or in solutions containing H2O2, 

and it reacts very rapidly with the hydroxyl radicals (k = 4.5  109 dm3 mol–1 s–1) 

(Bardouki et al., 2002). Large scale treatment of organic compounds with UV irradiation 

is disadvantageous due to their quite high cost. The feasibility of the Fenton oxidation 

process was studied for the removal of DMSO from aqueous solutions (Wen et al., 

2012a). A fluidized-bed Fenton process was reported as an effective method for the 

degradation of DMSO in synthetic wastewater (Chen et al., 2016). Wu et al. (2006) have 

proposed a combination of hydrogen peroxide and goethite (a heterogeneous catalyst) as 

an alternative for the expensive Fenton-type degradation of DMSO. Lee et al. (2006) have 

demonstrated a streamer corona discharge process, which produced locally-concentrated 

hydroxyl radicals for the oxidative degradation of DMSO, and reported a high efficiency 

for the DMSO removal, albeit less TOC reduction. Figure 1.7 shows the comparison of 
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some AOPs for the degradation and mineralization of DMSO in water/wastewater 

(Abellán et al., 2009; Lee et al., 2004; Park et al., 2001; Wu et al., 2007).  

 

 

 

Figure 1.7: Comparison of different AOPs for degradation and mineralization of 

DMSO in water/wastewater. 

 

From these reports, it is observed that DMSO removal could be achieved through 

most of AOPs. Nevertheless, the rate of mineralization of DMSO was too slow, and it 

required extended oxidation time. Therefore, more efficient methods are required for 

faster mineralization of DMSO. Recently, ozone-based microbubble-aided technology 

has attracted much attention as a new potential candidate for DMSO oxidation in 

wastewater. For instance, Li et al. (2009d) have found that DMSO could be efficiently 
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decomposed into MSA by the OMBs without producing any noxious sulfur-containing 

by-products. They have suggested that the stimulant-enhanced ozonation is an effective 

treatment method for the DMSO-containing wastewater. Their result has revealed that 

ozonation of DMSO is a mass-transfer-controlled reaction, and the experimental results 

fitted the first-order kinetic model. The free hydroxyl radicals generated in situ lead to 

the efficient degradation, and they are responsible for the decomposition of DMSO into 

biodegradable intermediates. 

 

1.7 Scopes of the work 

This thesis has investigated the removal of two phthalates (i.e., DMP and DEP), BPA, 

and DMSO from water using the OMBs in a reactor of 20 dm3 capacity. The effects of 

the operational parameters such as the initial concentrations of the pollutant, pH of the 

medium, ozone generation rate (i.e., the concentration of ozone in the inlet gas), and the 

addition of using H2O2 in the presence of the OMBs on the removal of these pollutants 

were investigated in detail. The contribution of the hydroxyl radical in the oxidation was 

investigated by using the well-known scavenger of the hydroxyl radicals, i.e., tert-butanol 

(t-BuOH). The effects of addition of bicarbonate ions were also studied. Important 

parameters such as TOC reduction, stoichiometric ratio of ozone consumed to the target 

pollutant removed, ozone utilization efficiency, reaction kinetics, volumetric mass 

transfer coefficient of ozone in the reacting system, enhancement factor, and Hatta 

number were determined at different reaction conditions. The performance of the ozone 

microbubbles was compared with the same of the ozone millibubbles, based on these 

parameters. 
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1.8 Objectives of the work 

The main objective of this thesis was to investigate the effectiveness of the OMBs for the 

removal of selected organic pollutants. The main objectives of this work are as follows:  

[1] Study the removal of DMP and DEP from water using OMBs at different operational 

conditions. 

[2] Investigate the degradation efficiency of BPA and its selected major oxidation 

intermediates. 

[3] Compare the removal of dimethyl sulfoxide from water using ozone microbubbles 

with the same by the ozone millibubbles. 

[4] Check the effectiveness of the OMB process by determining the ozone utilization 

efficiency and the stoichiometric ratio of ozone consumed to the pollutant removed.  

[5] Study the effect of hydrogen peroxide in the presence of the OMBs, and the 

contribution of the hydroxyl radicals on the degradation of the target pollutant. 

[6] Determine the extent of mineralization of the target pollutant by the OMB process. 

[7] Determine the mass transfer and the kinetic parameters of the process, such as the 

volumetric mass transfer coefficient of ozone, Hatta number, self-decomposition rate 

constant of ozone, and overall rate constant. 

 

1.9 Outline of the thesis 

This thesis deals with the removal of two phthalates (i.e., DMP and DEP), BPA, and 

DMSO from water by the OMBs, focusing on the effectiveness of their removal under 

different reaction conditions. The literature relevant to these processes has been reviewed. 

The chapter-wise structure of the thesis is described below. 
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Chapter 1 (Introduction): This chapter presents a discussion on ozone and its application 

in water/wastewater treatment. The properties of the OMBs and their applications in 

water/wastewater treatment are also discussed. A brief review of the literature for each 

target pollutant is presented.  The objectives of the research work are also given in this 

chapter. 

 

Chapter 2 (Materials and Experimental Methods): This chapter presents the details of 

the experimental setup used in this work. The list of chemicals used, their source, and 

purity are given. A detailed description of the equipment used, preparation of the samples, 

and the experimental procedures are provided. The procedure for conducting the 

experiments and analyzing the samples is also described. 

 

Chapter 3 (Removal of Dimethyl Phthalate from Water by the Ozone Microbubbles): 

This chapter presents the work on the removal of DMP from water using the OMBs. The 

effects of the initial concentration of DMP, pH of the medium, ozone generation rate, and 

the role of H2O2 on the removal of DMP are described and analyzed. The TOC analysis 

is provided to estimate the mineralization of DMP. t-BuOH is used as the hydroxyl radical 

scavenger to examine the effect of hydroxyl radicals on the oxidation of DMP. The self-

decomposition rate constant of ozone is determined from the experimental results. The 

overall kinetics of the reaction between DMP and ozone is studied and the kinetic 

parameters are reported. The Hatta number is computed to find out the relative importance 

of mass transfer and chemical reaction. 

 

Chapter 4 (Removal of Diethyl Phthalate from Water by the Ozone Microbubbles): 

This chapter presents the use of OMBs to remove DEP from water, and the mineralization 
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efficiency is discussed under various reaction conditions. The contribution of hydroxyl 

radicals is determined by using a hydroxyl radical scavenger (i.e., t-BuOH). The effect of 

addition of H2O2 on the removal of DEP is investigated by adding 1  8 mol m–3 H2O2 at 

pH 7. The overall kinetic parameters of the oxidation of DEP by ozone are computed 

from mass balance and experimental results.  

 

Chapter 5 (Oxidation of Bisphenol-A by Ozone Microbubbles): This chapter presents 

the use of the OMBs for the oxidation of BPA in water. The effect of some major 

operational parameters that influence the removal of BPA are investigated. The 

stoichiometric ratio of ozone consumed to BPA removed, and the ozone utilization 

efficiency are computed from the experimental results. The degradation efficiency of 

BPA and its selected major reaction-intermediates (i.e., catechol and hydroquinone) are 

studied in aqueous solution by the OMBs at the optimal reaction conditions. The effects 

of bicarbonate ion and the contribution of hydroxyl radicals on the degradation of BPA 

are reported. The extent of mineralization of BPA and its oxidation-intermediates at the 

optimal conditions are estimated by TOC measurements. The overall kinetic parameters 

of the reaction between BPA and ozone are reported at different initial concentrations of 

BPA and pH. 

 

Chapter 6 (A Comparative Study on the Removal of Dimethyl Sulfoxide from Water 

using Microbubbles and Millibubbles of Ozone): In this chapter, the potential of the 

OMBs for the oxidation of DMSO is investigated in detail, and the results are compared 

with those of the conventional ozonation using millibubbles (i.e., OMLBs). The main 

operational parameters that influence the removal of DMSO are studied. In addition, the 

contribution of hydroxyl radicals to the removal of DMSO is investigated for both OMBs 
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and OMLBs. Ozone utilization and the stoichiometric ratio of ozone consumed to DMSO 

removed are computed and compared. The effectiveness of OMBs and OMLBs in terms 

of the extent of mineralization of DMSO is investigated and compared. Formation and 

depletion of the two main oxidation intermediates of DMSO (i.e., DMSO2 and MSA) are 

investigated for both OMBs and OMLBs. The overall kinetic parameters of the reaction 

between DMSO and ozone, and their variation with the pH of the medium is determined 

from the experimental results, and the values are compared.  

 

Chapter 7 (Summary and Scope for Future Work): This chapter provides a summary 

of the work, and suggests ideas for future research. 
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Notations 

a   specific gas–liquid interfacial area (m2 m–3) 

C concentration (mol m‒3) 

*C  saturation concentration of the gas in water (mol m‒3) 

D mean diameter of microbubbles (m) 

32d  Sauter mean diameter (m) 

D  diffusivity of gas in liquid (m2 s–1) 

Db  translational diffusion coefficient of microbubble (m2 s–1) 

3OD  diffusivity of ozone in water (m2 s–1) 

G acceleration due to gravity (m s–2) 

gk  gas phase mass transfer coefficient (mol N‒1 s‒1) 

gK  overall gas-side mass transfer coefficient (mol N‒1 s‒1) 

Hk  Henry’s law constant (Pa m3 mol‒1) 

lk  liquid phase mass transfer coefficient (m s‒1) 

lK  overall liquid-side mass transfer coefficient (m s‒1) 

Lk a   volumetric mass transfer coefficient (s–1) 

owK  octanolwater partition coefficient 

n  number of bubbles 

AN  Avogadro’s number (mol‒1) 

p  partial pressure of gas (Pa) 

P pressure (Pa) 

gP  gas pressure (Pa) 
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lP  liquid pressure (Pa) 

R gas constant (J mol–1 K–1) 

t time (s) 

T temperature (K) 

u  rising velocity of bubble (m s‒1) 

V volume (m3) 

Greek symbols 

  surface tension of liquid (N m‒1) 

  density difference between the gas and liquid phases (kg m–3) 

P  pressure difference between gas and liquid phases (Pa)
 

g  fractional gas hold-up 

  wavelength (nm) 

  viscosity of liquid (Pa s) 

l  density of liquid (kg m–3) 

Abbreviations 

AC activated carbon 

AOPs advanced oxidation processes 

BDL below detection limit 

BOD biological oxygen demand 

BPA bisphenol–A 

BTEX benzene, toluene, ethylbenzene, and xylenes 

CASRN chemical abstracts service registry number 

CCD charge-coupled device 

COD chemical oxygen demand 
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DAF dissolved air flotation 

DEP diethyl phthalate  

DMP dimethyl phthalate 

DMS dimethyl sulfide  

DMSO dimethyl sulfoxide 

DMSO2 dimethyl sulfone 

E. coli Escherichia coli 

EDCs endocrine-disrupting chemicals 

FT fenitrothion 

OMBs ozone microbubbles  

OMLBs ozone millibubbles 

MSA methane sulfonic acid 

t-BuOH tert-butyl alcohol 

TOC total organic carbon 

TSS total suspended solids  

UV ultraviolet 
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CHAPTER 2 

MATERIALS AND EXPERIMENTAL METHODS 

 

This chapter presents the details of the experimental setups used for the removal of 

dimethyl phthalate, diethyl phthalate, bisphenol-A, and dimethyl sulfoxide. The list of 

chemicals used in this work and their sources are given. The experimental methods 

employed for the ozonation of the targeted pollutants are described. The details of the 

instruments used for the analysis of the samples are also given.  

 

2.1. Experimental setup 

2.1.1 Ozone microbubbles 

The experimental setup for the ozone microbubbles (OMBs) was assembled from a 

number of units, which included an oxygen concentrator, an ozone generator, a 

microbubble generator (MBG), a polycarbonate reactor, an external circulatory water 

bath, and a destructor of excess ozone (Khuntia et al., 2012). Figure 2.1 shows a 

photograph of the experimental setup, whereas Figure 2.2 shows the schematic of the 

experimental setup for the OMBs, and the analysis of the samples. The ozonation was 

carried out in a polycarbonate reactor of 20 dm3 capacity. The reactor was connected to 

the pressurized-dissolution/decompression type MBG [make: Riverforest Corporation 

(USA), model: AS MK-III], which operated in a continuous recirculation mode and 

generated the microbubbles. The oxygen concentrator [make: Oz-Air (India), model: HG 

03], which employs the pressure swing adsorption technique (Grande, 2012; Sircar and 

Kratz, 1989), was used to isolate oxygen from air.  
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Figure 2.1: Photograph of the experimental setup for the OMBs. 
 

 

Figure 2.2: Schematic of the experimental setup for the OMBs, and analysis of the 

samples. 
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It generated high-purity oxygen from air (> 98%). Its oxygen output capacity was 0‒83 

cm3 s1. This oxygen was fed to the ozone generator [make: Oz-Air (India), model: ISM 

10 Oxy], which converted oxygen to ozone by the corona-discharge method (Ciambrone, 

1976). The ozone generation rate varied in the range of 0.5–3.0 mg s–1, as per the 

recommendation of the manufacturer. A rotameter [make: Instrumentation Engineers Pvt. 

Ltd. (India), model: 1114C] was used to measure the flow rate of the gas mixture (i.e., 

oxygen and ozone) coming out of the ozone generator. Its range was 8–80 cm3 s1. The 

gas mixture from the ozonator was sent to the MBG, which had an intake capacity of 1.7 

cm3 s–1. The percentage of ozone in the gas mixture that was fed to the MBG was varied 

in the range of 0.7–3.4% (which is equivalent to the ozone generation rate of 0.6–2.8 mg 

s1). The MBG, which was connected to a polycarbonate reactor, operated in a continuous 

recirculation mode. The gas was dissolved in the aqueous phase under high pressure 

applied by the pump inside the MBG. The liquid became saturated with the gas at the 

high pressure.  This saturated liquid was subjected to throttling by the discharge valve. 

Upon passing the pressurized gasliquid mixture through the discharge valve, the excess 

gas came out of the liquid phase in the form of microbubbles due to shearing and 

decompression at the valve throttle (Kim et al., 2011). A milky dispersion of the 

microbubbles, with a mean diameter of 30 μm  was continuously generated by this 

method. The bubble size distribution in pure water is shown in Figure 2.3. From this 

figure, it can be seen that about 65% of the bubbles had diameter less than 30 μm. The 

excess ozone coming out of the reactor (and the MBG) was catalytically converted to 

oxygen by the ozone destructor [make: Oz-Air (India), model: Dest-50]. The temperature 

of the aqueous solution within the reactor was controlled at 298 (± 1 K) by an external 

circulatory water bath [make: Jeio Tech (Korea), model: RW-2025G].  
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Figure 2.3: Size distribution of the microbubbles [courtesy: Riverforest Corporation 

(USA)]. 

 

2.1.2 Ozone millibubbles 

The experimental setup for the millibubbles is shown in Figure 2.4. The methods of 

isolation of oxygen from air, generation of ozone, and its destruction, and controlling the 

temperature of the aqueous solution within the reactor were the same as that for the OMBs 

(Section 2.1.1). The gas mixture from the ozone generator was sparged into the 

polycarbonate reactor of 20 dm3 capacity by an ozone-compatible rectangular gas diffuser 

[make: Ozone Solutions (USA), model: CD-3KB] having fine pores and the dimensions 

of 3.81 cm  1.91 cm  1.91 cm. The gas was supplied at a constant flow rate. This gas 

diffuser generated the OMLBs.  
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Figure 2.4: Schematic of the experimental setup for the OMLBs. 
 

2.2 Chemicals used 

The detailed list of chemicals used in this work, including their source and purity, are 

given in Table 2.1. All chemicals were of analytical grade, and they were used as received 

from their respective manufacturers. Milli-Q water [make: Millipore (USA), model: Elix-

3] having a conductivity of 5.5 µS m–1 (at 298 K) was used to prepare the stock solutions 

for the analysis. These solutions were diluted further as per the requirements. The aqueous 

media in the reactor were prepared using the tap water. The tap water was filtered using 

an iron removal cartridge [make: Eureka Forbes (India), model: Iron-Nil]. Controlled 

experiments were also conducted using Milli-Q water. There was no difference in the 

results obtained by using the filtered tap water and the Milli-Q water. Therefore, the effect 

of the ions present in the filtered tap water was negligible. 

 

 

TH-2591_136107035



 

76 

 

Table 2.1: List of chemicals and reagents used in this work 

Chemicals Purity (%)  Source 

Acetonitrile 99.9 Spectrochem (India) 

Bisphenol-A 97 Alfa Aesar (England) 

Catechol  99 Merck (India) 

Dimethyl phthalate 99 Alfa Aesar (England) 

Dimethyl sulfone 99.5 Alfa Aesar (England) 

Dimethyl sulfoxide  99 Alfa Aesar (England) 

Diethyl phthalate  99 Alfa Aesar (England) 

Hydrogen peroxide 50 Merck (India) 

Hydrochloric acid > 35 Merck (India) 

Hydroquinone 99 Merck (India) 

Methane sulfonic acid 98 Alfa Aesar (England) 

Methanol (HPLC grade) 99.9 Spectrochem (India) 

Oxalic acid 99 Merck (India) 

Phosphoric acid 85 Spectrochem (India) 

Potassium dihydrogen phosphate 99.9 Merck (India) 

Potassium hydrogen phthalate  99 Merck (India) 

Potassium iodide 99.8 Merck (India) 

Potassium periodate 99 Merck (India) 

Sodium bicarbonate 99 Merck (India) 

Sodium hydroxide  > 98 Rankem (India) 

Sodium hydrogen phosphate 99.5 Merck (India) 

Sodium thiosulfate 99.5 Merck (India) 
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Standard pH solutions – Oakton (USA) 

Sulfuric acid 98 Merck (India) 

t-butanol 99.5 Spectrochem (India) 

Zinc iodide starch solution Laboratory reagent 

grade 

Merck (India) 

 

2.3 Analysis methods 

The pH of the aqueous medium was measured by a pH meter [make: Eutech (Singapore), 

model: pH 2700, electrode: 93X218819]. Necessary pH adjustment of the aqueous 

solution was made before starting the experiment  by using 1.0 mol m3 HCl and 0.5 

mol m3 NaOH solutions. The samples were withdrawn at regular time intervals during 

the reaction for analyzing the concentration of the pollutant, its reaction intermediates, 

and the concentration of dissolved ozone. Most of the experiments/analyses were repeated 

at least three times and the average values are reported in the thesis. The error bars were 

obtained from the standard deviations in the data obtained from the experiments/analyses 

carried out in triplicate. Sample uncertainty analysis of retention time and measured 

concentration are given in Appendix A1. All experiments on ozonation and analysis of 

the samples were performed in an air-conditioned room where the temperature was 

maintained at 298 (± 1 K).  

2.3.1 Removal of DMP and DEP from water by the OMBs 

2.3.1.1 Measurement of the concentrations of DMP and DEP 

Stock solutions of the DMP and DEP were prepared by using Milli-Q water. Aqueous 

solutions of DMP and DEP for the reactor were prepared by using filtered tap-water, after 

removing iron from it, as discussed in Section 2.1.  Quantitative analysis of the 
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concentrations of DMP and DEP were made by an ultra-fast liquid chromatography 

(UFLC) [make: Shimadzu (Japan), model: LC-20AD] equipped with a UV detector and 

an Eclipse XDB  C18 column [make: Agilent (USA)] having the dimensions of 250 mm 

× 4.6 mm, packed with 5 m particles. A mixture of 30% (v/v) Milli-Q water and 70% 

(v/v) acetonitrile was used as the mobile phase for both DMP and DEP at the flow rates 

of 0.012 and 0.013 cm3 s–1, respectively, in the isocratic elution mode. The sample 

injection volume was 20 mm3 for both DMP and DEP analyses. DMP and DEP were 

detected at the wavelengths of 275 and 276 nm, respectively. The experiments were 

repeated at least three times. The detection limits of DMP and DEP were 5.15 × 10–5 and 

4.5 × 10–4 mol m–3, respectively. The average retention time of DMP was 220 s, whereas 

it was 297 s for DEP. The standard deviations of the retention times were less than 10 s.  

Figure 2.5 shows the UFLC peaks and standard calibration curves of DMP and DEP. 

2.3.1.2 UV–Vis absorption spectra of DMP and DEP 

The UV–Vis absorption spectra of the DMP and DEP before and after ozonation were 

measured by using a spectrophotometer [make: Perkin Elmer (Switzerland), model: 

Lambda 35].  

2.3.1.3 Measurement of dissolved ozone concentration 

The concentration of dissolved ozone in the reactor was measured by a colorimeter [make: 

Eutech (Singapore), model: C 105] using the ozone-specific reagent (i.e., the DPD 

method) (Eaton et al., 2005; Khuntia et al., 2012). The measurements were made 

immediately after the samples were collected, as per the standard procedure (Eaton et al., 

2005). The colorimeter gave readings in the range of 0–4.1 mg dm–3 of dissolved ozone. 

In the case of higher dissolved ozone concentrations, appropriate dilutions were made 
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with Milli-Q water, as per the recommendation of the colorimeter supplier and the 

standard procedure (Eaton et al., 2005). 

 

 

  

(d) (c) 
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Figure 2.5: UFLC peaks of (a) DMP and (b) DEP, and UFLC calibration curves of (c) 

DMP and (d) DEP. 

 

  

2.3.2 Oxidation of BPA in water by the OMBs 

The samples were withdrawn from the reactor at regular time intervals during the reaction 

for the analyses of BPA and its reaction-intermediates, and the measurement of the 

dissolved ozone concentration. 

2.3.2.1 UV–Vis absorption spectra of BPA, catechol, and hydroquinone 

The UV–Vis absorption spectra of the BPA, catechol, and hydroquinone were measured 

by using a spectrophotometer [make: Shimadzu (Singapore), model: UV-2600]. The 

spectra are shown in Figure 2.6 to identify the detection wavelength for the UFLC 

analysis. 

2.3.2.2 Measurement of the concentrations of BPA, catechol, and hydroquinone 

Quantitative analysis of the concentrations of BPA, catechol, and hydroquinone were 

made by a UFLC equipped with a ternary pump system and UV detector. 20 mm3 sample 

was injected into the C18 column [make: Varian (The Netherlands), model: Hypersil 

ODS, 250 mm length, 4.6 mm ID, 5 m particle size]. A mobile phase consisting of 50% 

(v/v) methanol and 50% (v/v) Milli-Q water containing 0.1% (v/v) phosphoric acid was 

used for the detection of BPA, catechol, and hydroquinone at a flow rate of 0.013 cm3 s–

1. The chromatography was carried out in the isocratic elution mode. BPA, catechol, and 

hydroquinone were detected at the wavelength of 275 nm using the C18 column, since 

low concentrations of hydroquinone (formed after the reaction with the OMBs) were 

well-detected at the wavelength of 290 nm (which is its maximum wavelength, as 
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depicted in Figure 2.6). The detection limits, retention times, and relative standard 

deviations (% RSD) of BPA, catechol, and hydroquinone for the UFLC analysis are given 

in Table 2.2. Figure 2.8 shows the standard calibration curves of BPA, catechol, and 

hydroquinone in Milli-Q water.  

 

Figure 2.6: UV–Vis spectra of the standard solutions of BPA, catechol, and 

hydroquinone in Milli-Q water. 

 

Table 2.2: UFLC analysis conditions for BPA and its oxidation intermediates 

Compound name   UFLC analysis conditions 

Wavelength  

(nm) 

Detection limits  

(mol m–3) 

RSD 

(%) 

Retention 

time  

(s) 

RSD 

(%) 

Bisphenol-A 276 4.38  10–5 0.58 313 0.34 

Catechol 275 9.08  10–5 1.58 245 1.80 

Hydroquinone 290 1.81  10–4 1.85 212 1.88 
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Figure 2.7: UFLC chromatogram of the standard solutions of BPA, catechol, and 

hydroquinone. 

 

  

 

Figure 2.8: UFLC calibration curves of (a) BPA, (b) catechol, and (c) hydroquinone. 

(c) 

(b) (a) 
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2.3.2.3 Measurement of dissolved and excess ozone concentrations 

The concentration of dissolved ozone in the reactor was measured by a colorimetric 

method as explained in Section 2.3.1.3.  The excess ozone coming out of the reactor was 

monitored under selected experimental conditions to determine the stoichiometry of the 

ozone consumed and the BPA removed by using the potassium iodide (KI) wet-chemistry 

method (i.e., the iodometric method) following a standard procedure (Kusvuran et al., 

2010; Rakness et al., 1996a; Rakness et al., 1996b), before it was sent to the ozone 

destructor. Ozone traps containing 0.5 dm3 of 20 g dm–3 KI solution were used, as 

recommended in the standard procedure (Kusvuran et al., 2010). The trap-contents were 

titrated with 10 mol m−3 sodium thiosulfate (Na2S2O3) (Rakness et al., 1996b). The excess 

ozone concentration was determined by the amount of titrant volume.  

 

2.3.3 Removal of DMSO from water using the OMBs and OMLBs 

 

2.3.3.1 UV–Vis absorption spectrum of DMSO 

To determine the optimal wavelength for UV-detection of DMSO in the UFLC, the UV-

Visible spectrum of DMSO in a mixture of acetonitrile and Milli-Q water [acetonitrile : 

water = 80 : 20 (v/v)] was generated in the wavelength range of 200 to 400 nm by using 

a UV–visible spectrophotometer (Section 2.3.2.1). The UV–Vis absorption spectrum of 

DMSO is shown in Figure 2.9 (a). 

2.3.3.2 Measurement of the concentration of DMSO and its oxidation intermediates 

The quantitative analysis of the concentration of DMSO was made by a UFLC as 

explained in Section 2.3.1.1. A mixture of 80% acetonitrile and 20% Milli-Q water (v/v) 

was used as the mobile phase for the detection of DMSO at the flow rate of 0.013 cm3 s1 

in isocratic elution. The sample injection volume was 20 mm3. DMSO was detected at 
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the wavelength of 207 nm. The experiments were repeated at least three times. The 

detection limit for DMSO was 4.5 × 10–4 mol m–3. The retention time was 185 s [Figure 

2.9 (a)]. The standard deviation of the retention time was lower than 5 s.  

 

 

Figure 2.9: (a) UV–Vis absorption spectrum and UFLC chromatogram (inset) and (b) 

UFLC calibration curve of the standard aqueous DMSO solutions in a mixture of ACN 

and water [ACN : water = 80 : 20 (v/v)]. 

 

(a) 

(b) 
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 Concentrations of the two major oxidation intermediates of DMSO in the aqueous 

samples (i.e., MSA and DMSO2) were measured by a gas chromatography [make: Bruker 

(Germany), model: 450-GC] equipped with a CP-Sil 8 CB (60 m  0.32 mm  0.45 mm) 

column and a pulsed-flame photometric detector. The GC was operated at 333 – 473 K. 

The injection volume in the GC was 0.001 cm3 with 1:80 split ratio. Helium, hydrogen, 

and nitrogen were used as the carrier gases at the flow rate of 0.17 cm3 s−1. The filament 

temperature was 323 K, and its limit was 663 K. The oven temperature was in the range 

of 323 – 493 K, with ramping at 0.17 K/s. Calibration curves were plotted from the known 

standard solutions of the compounds for the quantitative determination of MSA and 

DMSO2 (Figure 2.10) (Chou and Chang, 2007; Sahle-Demessie and Devulapelli, 2008). 

  

Figure 2.10: Calibration curves of (a) DMSO2 and (b) MSA for GC. 

 

2.3.4 TOC measurement  

The effectiveness of any water/wastewater treatment method should be based not only on 

its organic pollutant removal efficiency but also on the extent of mineralization of the 

intermediate organic compounds, which are formed during the course of reaction. The 

overall degree of mineralization of the target pollutants was determined by analyzing the 

TOC before and during the course of ozonation. The TOC analyses were performed in a 

(b) (a) 
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TOC analyzer [make: O. I. Analytical (USA), model: Aurora 1030] equipped with a non-

dispersive infrared (NDIR) detector following the procedure given in the literature (Szabo 

and Hall, 2014). The sample was acidified with phosphoric acid (5% v/v, in Milli-Q 

water) and sparged to convert the total inorganic carbon (TIC) in the sample to CO2. The 

TIC-free sample was then oxidized using heated (i.e., 373 K) sodium persulfate (10% v/v, 

in Milli-Q water), where the organic compounds were oxidized and converted the carbon 

to CO2. It was then analyzed and quantified by the NDIR detector. The result was reported 

as the TOC content in terms of the concentration of carbon. The TOC standards for the 

calibration were prepared from high-purity potassium hydrogen phthalate following the 

procedure described in the ASTM Standard D7573-09 (2009). Figure 2.11 shows the 

TOC calibration curve. For every new experiments, the TOC content of the filtered tap 

water was checked. The results were varied within the range of 0.1 to 0.7 mg dm–3. These 

baseline values were subtracted from the respective TOC readings of samples, and the 

difference is reported in this work. 

 

Figure 2.11: TOC calibration curve. 
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Abbreviations 

ACN acetonitrile  

BPA bisphenol–A 

DEP diethyl phthalate  

DMP dimethyl phthalate 

DMSO dimethyl sulfoxide 

DMSO2 dimethyl sulfone 

DPD N, N-diethyl-p-phenylenediamine 

GC gas chromatography 

HPLC high performance liquid chromatography  

MSA methane sulfonic acid 

NDIR non-dispersive infrared 

OMBs ozone microbubbles  

OMLBs ozone millibubbles 

RSD relative standard deviation  

TIC total inorganic carbon 

TOC total organic carbon 

UFLC ultra-fast liquid chromatography 

UV Ultraviolet 
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CHAPTER 3 

REMOVAL OF DIMETHYL PHTHALATE FROM WATER 

BY OZONE MICROBUBBLES 

 

This chapter presents the work on the removal of dimethyl phthalate (DMP) from water 

using ozone microbubbles (OMBs). The effects of the initial concentration of DMP, pH 

of the medium, ozone generation rate, hydroxyl radicals, and the role of H2O2 on the 

removal of DMP have been studied. The TOC analysis has also been carried out to study 

the extent of mineralization of DMP. The self-decomposition rate constant of ozone for 

the OMB system was determined from the experimental results. The overall kinetics of 

the reaction between DMP and ozone has been studied. The Hatta number has been 

computed to study the roles of mass transfer of ozone and the kinetics of the reaction. 

 

3.1 Introduction 

DMP is the simplest phthalic acid ester. It was selected as a representative phthalate in 

this work to investigate its removal from water by using OMBs. Most of the works 

reported on the removal of DMP from water are based on catalytic ozonation (Section 

1.6.1). The primary objective of applying catalytic ozonation for DMP degradation was 

to enhance the formation of reactive hydroxyl radicals in the aqueous media. Therefore, 

application of OMBs may be an efficient alternative method for effective removal of 

DMP from water. 

The objective of this work was to investigate the removal efficiency of DMP by 

the OMBs using a commercial microbubble generator. This work focused on the main 
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parameters that influence the removal rate of DMP such as the initial concentration of 

DMP, pH of the reaction medium and the ozone generation rate. Furthermore, the effect 

of H2O2 on ozonation and the contribution of hydroxyl radicals to the removal of DMP 

have been investigated. The total organic carbon (TOC) was measured to find out the 

extent of mineralization. The results show that the use of OMBs is a promising technology 

for removing DMP from water.  

 

3.2 Results and discussion 

3.2.1 UV–Vis spectra of DMP 

The UV–Vis spectra of DMP before and after the reaction are shown in Figure 3.1. From 

these spectra, it is observed that there are two maxima at 229 and 276 nm. This is similar 

to that reported in the literature (Liao and Wang, 2009). Under the reaction conditions, 

these peaks almost vanished after 1.8 ks of ozonation. The aromatic ring of DMP was 

possibly destroyed by direct and indirect reactions with the ozone molecules, which was 

manifested in the decline of these peaks.  

3.2.2 Effect of initial concentration of DMP 

The concentration of phthalates in water and wastewater varies over a wide range, e.g. 

0.0001–300 µg dm–3 (Yuan et al., 2002). Thus, it is necessary to study the effect of 

concentration of DMP on its rate of removal by the OMBs. The concentration profiles are 

shown in Figure 3.2. It is clearly observed that the concentration profiles followed a 

similar trend for all initial concentrations of DMP. The rate of oxidation of DMP 

increased with the increasing initial concentration of DMP in the reactor. This is apparent 

because the reaction follows second-order kinetics (first-order with respect to both DMP 

and ozone, as demonstrated later in the Section 3.2.9. Therefore, the rate of reaction 
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increased with the increasing concentration of DMP. However, the extent of the removal 

of DMP decreased with increasing initial concentration. For instance, for the lowest initial 

concentration (i.e., 0.052 mol m–3), almost 99% of DMP was removed within 300 s of 

ozonation. 

  

Figure 3.1: UV–Vis absorption spectra of DMP before and after ozonation. 

 

 On the other hand, only 95% removal was achieved for the highest initial 

concentration of DMP (i.e., 1.029 mol m–3) at 1.8 ks. This indicates that the OMBs 

achieved a less extent of oxidation of DMP, within a given time, as its concentration was 

increased. An increase in the initial concentration of DMP led to an increase in the 

concentration of the main and intermediate compounds formed during the course of 

ozonation. Thus, the ozone available in the reaction medium and the hydroxyl radicals 

produced in situ were both consumed in the oxidation of DMP and the intermediates 

produced during the course of reaction. 
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Figure 3.2: Effect of initial concentration of DMP on its removal by the OMBs. 

 

3.2.3 Effect of initial pH of the aqueous solution 

The pH of the aqueous medium controls the mechanism and rate of ozonation. Therefore, 

it is important to study the effect of pH on the oxidation of DMP. The H+ or OH ions 

present in the ozonation system may either impede or promote the generation of free 

radicals. Therefore, the pH of the aqueous solution plays an important role in the 

decomposition of ozone into hydroxyl radicals (Beltrán, 2004). The effect of pH on ozone 

treatment of DMP is shown in Figure 3.3. It is seen from Figure 3.3 that the neutral and 

alkaline media were more suitable than the acidic medium for the degradation of DMP. 

The degradation condition was better at pH 9 because the concentration of free radicals 

increased with increasing pH, which favored the indirect reaction. This conclusion is in 

accordance with the results reported in the literature (Beltrán, 2004; Gottschalk et al., 

2010; Huang, 2010).  

 At every time interval, the pH of the solution was measured immediately after the 

sample was collected from the reactor. It is observed from Figure 3.4 that the pH of the 
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solution decreased slightly at all initial concentrations. On the basis of the results reported 

by Chen et al. (2008), it is likely that organic acids were formed during the ozonation of 

DMP, which lowered the pH of the medium. 

 

Figure 3.3: Effect of pH on the removal of DMP by the OMBs. 

 

 

Figure 3.4: Variation of pH of the solution with time during ozonation. 

TH-2591_136107035



 

95 

 

3.2.4 Effect of ozone concentration  

Increase in the ozone generation rate increases the partial pressure of ozone in the gas 

mixture released from the ozonator, which increases the concentration of ozone in the 

aqueous phase due to enhanced mass transfer. The concentration profiles of dissolved 

ozone in the aqueous solution at different ozone generation rates are given in Figure 3.5. 

The concentration of ozone in the aqueous phase had a profound effect on the rate of 

oxidation of DMP. Oxidation of DMP increased with increasing ozone generation rate. 

This is expected because the ozone either directly reacted with the organic compounds or 

decomposed to produce ∙OH, which reacted with these compounds.  

 

Figure 3.5: Concentration profiles of dissolved ozone in the aqueous phase at 

different ozone generation rates. 

 

In order to investigate the effect of ozone concentration (in the gas present in the 

microbubbles) on the removal efficiency of DMP, the ozonation experiments were 

conducted with seven different ozone generation rates ranging from 0.28 to 1.94 mg s−1. 

The experimental results shown in Figure 3.6 indicate that the extent of removal of DMP 
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increased with increasing ozone concentration in the feed gas. It is clearly seen that 

increase in the ozone flow rate from 0.28 to 1.94 mg s−1 highly improved the removal of 

DMP from 1 to 99% within 900 s of the reaction time. These trends are in good agreement 

with the results reported in the literature (Chen et al., 2008). The increase in the ozone 

concentration in the aqueous phase may enhance the electrophilic reaction of DMP with 

ozone as well as its reaction with the hydroxyl radicals. The contribution of the hydroxyl 

radicals is reported in Section 3.2.6 to verify whether the direct reaction (i.e., electrophilic 

attack of O3) or the indirect reaction (i.e., the attack of ∙OH radicals) predominated.  

 

Figure 3.6: Effect of ozone generation rate on the removal of DMP. 

 

3.2.5 Effect of ozone generation rate on TOC removal 

The ozonation of DMP produces various intermediate compounds, which partly 

mineralize to H2O and CO2. The measurement of TOC before and during ozonation gives 

the extent of the oxidation of DMP (and the intermediate organic compounds) to the 

mineralized products. The initial TOC of the solutions was ~26 mg dm–3. Figure 3.7 
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shows the TOC removal with time at different ozone generation rates. It is observed that 

the TOC removal was enhanced with increasing ozone generation rate, and the trend was 

similar to that of DMP oxidation (shown in Figure 3.6). 

 

Figure 3.7: Effect of ozone generation rate on the removal of TOC. 

 

Complete mineralization of DMP was achieved within 1.8 ks at the highest ozone 

generation rate (i.e., 1.94 mg s–1) at pH 7. For the same condition, the TOC removal was 

only about 46% (Figure 3.7), although more than 94% of the DMP was removed within 

300 s (Figure 3.6). Similarly, for all ozone feed rates, the TOC removal rates were less 

than the corresponding DMP removal rates. This was due to the formation of 

intermediates during the course of reaction, and complete mineralization of them needed 

a longer time. The degradation pathway and the identification of the intermediate 

compounds, however, was not investigated in this work.  
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3.2.6 Effect of addition of H2O2 

It is known (Hoigné, 1998; Mansouri et al., 2013) that the addition of H2O2 to the 

ozonation system greatly promotes the decomposition of ozone and augments the 

generation of ∙OH radicals. This would increase the reaction rate, which would make it 

possible to enhance the removal of the pollutants more effectively.  

To investigate the effect of H2O2 in the presence of OMBs on the removal of 

DMP, experiments were conducted by using 2.0, 4.0, and 8.0 mol m−3 H2O2 at the ozone 

generation rate of 0.92 mg s–1. It is evident from the results presented in Figure 3.8 that a 

slight enhancement in the removal of DMP was achieved for the 2.0 mol m−3 dose of 

H2O2. It can be observed from Figure 3.8 that at 1.8 ks reaction time, addition of 2.0 mol 

m−3 H2O2 improved the removal of DMP from 84 to 90%. However, further increase in 

the dosage of H2O2 adversely affected the degradation rate of DMP. The removal rate 

decreased to 81 and 73% for the H2O2 dosages of 4 and 8 mol m−3, respectively. In the 

earlier studies (Gottschalk et al., 2010), it was reported that an increase in the ratio of 

H2O2 to O3 might produce more hydroxyl radicals.  However, these radicals may 

recombine, and therefore, may lead to a low reaction rate, which is not helpful for the 

oxidation of the target pollutant. The works of Beltrán (2004) have shown that H2O2 is 

not only an initiator and promoter of ozonation, but it can also act as an inhibitor of ozone 

decomposition when its concentration is so high that the reaction between H2O2 and O3 

becomes controlled by mass transfer. Huang (2010) has reported that increasing the 

H2O2/O3 mole ratio beyond 1:2 did not lead to a pro-rata improvement in the removal rate 

of DMP.  
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Figure 3.8: Effect of using H2O2 along with OMBs for DMP degradation. 

 

3.2.7 Effect of t-BuOH on DMP removal 

The contribution of hydroxyl radicals to the degradation of organic pollutants by OMBs 

can be investigated by adding radical scavengers. In this study, a well-known scavenger 

(i.e., t-BuOH) was used to study the contribution of ∙OH in the oxidation. t-BuOH reacts 

very rapidly with the hydroxyl radicals (i.e., the rate constant is 6 × 108 dm3 mol−1 s−1), 

but very slowly with ozone (i.e., the rate constant is 3 × 10−3 dm3 mol−1 s−1) (de Oliveira 

et al., 2011; Hoigné and Bader, 1983; Mansouri et al., 2013). The experiments were 

conducted with 1.0, 2.5, 5, 10.0 and 15.0 mol m–3 t-BuOH. The results are shown in 

Figure 3.9 (a). The experimental results from Figure 3.9 (a) reveal that almost 100% 

removal was observed after 1.8 ks reaction time in the absence of t-BuOH, as compared 

to only 13% in the presence of 10 mol m‒3 t-BuOH.  
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Figure 3.9: Effect of t-BuOH on the removal of DMP (a) without H2O2 and 

(b) in the presence of H2O2. 

 

 This indicates that the reaction between DMP and ∙OH dominated over the direct 

reaction with the ozone molecules. Furthermore, the effect of t-BuOH in the presence of 

H2O2 was also studied. As the addition of H2O2 enhanced the generation of the ∙OH 

radicals, the DMP removal rate increased with the increasing concentration of H2O2 at a 

(b) 

(a) 
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given concentration of t-BuOH [Figure 3.9 (b)]. This confirms that the reactions with the 

·OH indeed played an important role in the ozonation of DMP. 

3.2.8 Estimation of self-decomposition rate constant of ozone 

Mass transfer of ozone in the aqueous phase by the microbubbles for the non-reacting 

systems has been reported earlier (Khuntia et al., 2012). In this work, the self-

decomposition rate constant of ozone was determined by kinetic studies in our 

experimental setup. The dissolved ozone concentration in water was measured as a 

function of time, and the experiment was continued until the aqueous phase was saturated, 

which is termed as the steady state ozone concentration, 3[O ]ss . Then, the supply of 

ozone in the reactor was stopped and the decrease in concentration of ozone in the reactor 

was measured with time. Several researchers have reported that the decomposition of 

ozone in water depends on the pH of the solution, and it follows a first-order kinetics 

(Beltrán, 2004; Sotelo et al., 1987; Sotelo et al., 1989). The reaction rate equation for the 

self-decomposition of ozone can be written as (Gao et al., 2005; Kukuzaki et al., 2010; 

Rosal et al., 2006) 

3
3

d[O ]
[O ]

d
dk

t
   (3.1) 

where 3[O ]  is the concentration of ozone in the aqueous solution and dk  is the ozone 

self-decomposition rate constant. Equation (3.1) can be integrated with the boundary 

condition: 3 3at  0, [O ] [O ]sst   . This gives 

3

3

[O ]
ln

[O ]

ss
dk t

 
 

 

 (3.2) 
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Equation (3.2) predicts that a plot of 3

3

[O ]
ln

[O ]

ss 
 
 

 versus time, t, should be a straight line 

passing through the origin, and the slope of this line would be dk  (Figure 3.10).  

 

Figure 3.10: Linear fit of the data for the determination of the self-

decomposition rate constant of ozone. 

 

 Table 3.1 summarizes the experimental values of dk  at different pH. dk  is a 

fundamental kinetic parameter, and it should be independent of the type of reactor. 

However, the values reported in the literature (Gao et al., 2005; Hsu et al., 2002; Kukuzaki 

et al., 2010; Sotelo et al., 1987) show wide variations. For instance, dk  values of 4.0 × 

10–5 s–1 (at pH 7) (Gao et al., 2005), 2.1 × 10–4 – 4.2 × 10–4 s–1 (at pH 2.5 – 9) (Sotelo et 

al., 1987), 2.1 × 10–4 – 5.4 × 10–4 s–1 (at pH 2.6 – 7) (Hsu et al., 2002), and 4.2 × 10–4 s–1 

(pH unspecified) (Kukuzaki et al., 2010) have been reported. The values of dk  obtained 

in this study fall in the range of these values. It is observed that dk  increased with 

increasing pH, which agrees with the results in literature (Sotelo et al., 1987). The 
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estimated errors (i.e., the relative uncertainties as per Equation A1.5 in the Appendix A1) 

of these results were less than 1%. 

Table 3.1: Values of the self-decomposition rate constant of ozone 

pH 
dk ×103 (s–1) Relative uncertainty (%) 

5 0.12 0.49 

7 0.13 0.63 

9 0.15 0.59 

 

 

3.2.9 Overall kinetics of DMP ozonation 

In literature, a few kinetic data are available for the oxidation of DMP by ozone. A 

pseudo-first-order kinetics for the DMP oxidation using ozone was reported in the 

literature (Yu et al., 2013) whereas, a second-order kinetics has been reported by other 

researchers (David Yao and Haag, 1991; Li et al., 2009; Wen et al., 2011). In this work, 

the kinetic parameters of the overall reaction between DMP and ozone were determined 

from the experimental results by using a mass balance. 

When ozone is absorbed into water from a gas mixture and it simultaneously 

undergoes self-decomposition in a completely mixed reactor, the mass balance equation 

is given by  

 *3
3 3 3

d[O ]
[O ]  [O ] [O ]

d
L dk a k

t
    (3.3) 

where *
3[O ]  is the equilibrium concentration of ozone in the aqueous phase and Lk a  is 

the volumetric mass transfer coefficient of ozone in the reacting system. The diffusivity 
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of ozone in the gas phase is much larger than that in water, so the resistance to mass 

transfer in the gas phase is negligible, compared to that in the liquid phase. The 

equilibrium concentration of ozone in the aqueous phase and its steady state concentration 

can be related by the following equation (Roth and Sullivan, 1981): 

*
3 3[O ] [O ]L

ss
L d

k a

k a k

 
  

 

 (3.4) 

From Equations (3.3) and (3.4), the following equation is obtained. 

  3
3 3

d[O ]
[O ] [O ]

d
L d ssk a k

t
    (3.5) 

In the reactor of our experimental setup, ozone gradually dissolved in water and reacted 

with DMP. The rate equation for the reaction between ozone and DMP is expressed by 

3
d[DMP]

[DMP] [O ]
d

m nk
t

   (3.6) 

In the presence of DMP, the mass balance of ozone contains three terms, i.e., the mass 

transfer of ozone from gas to liquid, the self-decomposition of ozone, and the reaction of 

DMP with ozone. Therefore, incorporating Equation (3.6) into Equation (3.5) we get the 

overall mass balance of ozone as 

  3
3 3 3

d[O ]
[O ] [O ] [DMP] [O ]

d

m n
L d ssk a k k

t
     (3.7) 

The ordinary differential equations given by Equations (3.6) and (3.7) were 

simultaneously solved by the Runge–Kutta method using Polymath® (version 6.0), and 

the concentration profiles were fitted to the experimental data to obtain the best-fit values 

of the kinetic parameters. The best-fit values of the unknown parameters (i.e., 

,  ,  , and Lk k a m n ) are presented in Table 3.2. The data were fitted well with r2 > 0.99. 

The values of dk  reported in Table 3.1 were used in these computations. The 
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concentration profiles of DMP and ozone are shown in Figures 3.11 (a) and (b), 

respectively. The volumetric mass transfer coefficient of ozone slightly increased with 

increasing initial concentration of DMP. Lk a  depends on the type of reactor used.  The 

value of Lk a  obtained in this study are close to those reported for similar systems (Chu 

et al., 2008; Chu et al., 2007), and more than ten times higher than those of conventional 

ozonation systems (Kukuzaki et al., 2010). The overall reaction rate constant (k) did not 

significantly vary with the initial concentration of DMP, which is expected.  

 

 

(a) 

(b) 
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Figure 3.11: Concentration profiles of (a) DMP and (b) ozone in the reactor, and the 

fit of the model. 

The enhancement factor (E) is a measure of the increase in the rate of mass transfer 

of ozone due to chemical reaction. It is defined as the ratio of the volumetric mass transfer 

coefficients in the reacting and non-reacting systems [i.e., Lk a  and 0( )Lk a ] (Chang et 

al., 2005; Khuntia et al., 2014; Wu and Wang, 2001). 

0( )

L

L

k a
E

k a
  (3.8) 

The values of volumetric mass transfer coefficient of ozone in the non-reacting 

systems were taken from the work of Khuntia et al. (2012). As shown in Table 3.2, the 

enhancement factor increased with the increasing initial concentration of DMP. 

Table 3.2: Kinetic and mass transfer parameters (at the ozone generation rate of 1.11 

mg s–1) 

[DMP]0 

(mol m–3) 

3[O ]ss  

(mol m–3) 

Lk a  × 103 

(s–1) 

k 

[(mol dm–3)1–m–n s–1] 

m 

(–) 

n 

(–) 

E 

(–) 

Ha  

(–) 

0.052 0.129 7.98 0.94 1.07 0.55 3.63 0.002 

0.258 0.125 8.06 0.93 1.01 0.60 3.66 0.003 

0.515 0.123 8.12 0.90 1.04 0.63 3.69 0.005 

1.029 0.119 9.92 0.93 1.02 0.66 4.51 0.007 

 

3.2.10 Calculation of Hatta number 

Hatta number (Ha) indicates the relative importance of chemical reaction and mass 

transfer rates in the gas–liquid reaction system (Beltrán, 2004). For the second-order 

reaction, it can be computed from Equation (3.9), given below. 
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30 O[DMP]
Ha

l

k D

k
  (3.9) 

where k is the rate constant for the reaction of DMP with ozone, lk  is the mass transfer 

coefficient and 
3OD is the diffusivity of ozone in water. The temperature dependence of 

3OD can be expressed by an Arrhenius-type equation, as shown by Equation (1.13) 

(Johnson and Davis, 1996). For microbubbles rising in water following Stokes’ law 

[Equation (3.10)] (Ghosh, 2009), the mass transfer coefficient can be calculated from 

Equation (3.11) (Clift et al., 2005). 

2

18

gd
u


  (3.10) 

where u is the average rising velocity of the microbubbles in water, d is their mean 

diameter, ν is the kinematic viscosity of water, and g is the acceleration due to gravity. 

3

3

1 3
O

O

1 1l

D du
k

d D

        
    

 (3.11) 

From Equation (1.13), at 298 K, 
3OD is calculated to be 1.89×10–9 m2 s–1. From Equation 

(3.10), with 9.81g   m s–2, d = 30 µm, and ν = 8.9×10–7 m2 s–1 (Perry and Green, 1997), 

the average rising velocity of the microbubbles is calculated to be 5.5 × 10–4 m s–1. From 

Equation (3.11), the value of lk  is calculated to be 1.975 × 10–4 m s–1. Using these values 

and the data given in Table 3.2, Ha was computed from Equation (3.9) at different initial 

concentrations of DMP. These values are given in Table 3.2. Ha was calculated at 

different pH by following the same procedure. These results are given in Table 3.3.  
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Table 3.3: Calculated values of Ha at different pH (ozone generation rate = 0.92 mg s–1, 

[DMP]0 = 0.258 mol m–3) 

pH k  (m3 mol–1 s–1) Ha (–) Relative uncertainty (%) 

5 2.4 0.0017 0.44 

7 9.3 0.0034 0.67 

9 10.6 0.0036 0.29 

 

 

  We have determined the values of k  at different pH by using our experimental 

data on mass transfer with chemical reaction (similar to the Section 3.2.9). The lk  used 

in the calculation of Ha was computed from Equation (3.11), which does not include the 

effect of pH. Accordingly, the values of Ha depend on the reaction rate constant, which 

varied slightly with the pH. From these results, it can be seen that Ha < 0.02, which shows 

that the reaction was very slow (i.e., slow reaction regime) (Levenspiel, 1999) for all 

initial concentrations of DMP and pH. Due to their high curvature, and consequently, 

high internal pressure, the rate of transfer of ozone to water was higher for the 

microbubble process. The low values of Ha found in this study prove that the mass 

transfer resistance,  1 lk , was negligible. This implies that the rate of mass transfer was 

high. As a result of enhanced transfer of ozone into the aqueous phase, the concentration 

of ozone in the aqueous phase was high. This led to the generation of the hydroxyl 

radicals, and the organic pollutant was efficiently oxidized. Therefore, this reactor was 

efficient for the oxidation of DMP by ozone. 

 

 

TH-2591_136107035



 

109 

 

3.3 Conclusions 

The following conclusions were reached based on the experimental studies and the 

analysis of the results.  

 DMP present in water was effectively removed by the OMBs. Neutral and alkaline 

solutions were good media for the generation of hydroxyl radicals as compared to 

the acidic solutions. 

 Increase in the initial concentration of DMP had an adverse impact on its extent 

of removal. 

 Increase in the ozone generation rate dramatically improved the removal of DMP.  

 Increase in the ozone generation rate enhanced the efficiency of TOC removal. 

The rate of TOC removal was less than the corresponding DMP removal rate, 

which was possibly due to the formation of reaction intermediates during the 

course of ozonation. Complete mineralization of these compounds required a 

longer time. 

 The addition of H2O2 slightly increased the rate of removal of DMP by 

augmenting the generation of ∙OH radicals. However, a large dosage of H2O2 had 

an adverse effect on the rate of removal of DMP. 

 The use of t-BuOH as the hydroxyl radical scavenger confirmed the contribution 

of hydroxyl radicals to the degradation of DMP. These results clearly reveal that 

the reaction between DMP and ∙OH was dominant over the direct reaction of DMP 

with ozone at pH 7. 

 The value of the ozone self-decomposition rate constant increased with the pH. 

 The reaction between DMP and ozone followed an overall second-order kinetics, 

and first-order with respect to both DMP and ozone. The volumetric mass transfer 

coefficient and the enhancement factor for the reacting system increased with 
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increasing initial concentration of DMP. The steady state concentration of ozone 

in the reactor decreased with increasing initial concentration of DMP. 

 The values of Ha revealed that the reaction was very slow (i.e., it was in the slow 

reaction regime), and the mass transfer resistance was negligible. 
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Notations 

a   specific gas–liquid interfacial area (m2 m–3) 

d mean diameter of microbubbles (µm) 

[DMP] concentration of dimethyl phthalate in the reactor during the reaction 

(mol m−3) 

[DMP]0 initial concentration of dimethyl phthalate in the reactor (mol m−3) 

3OD  diffusivity of ozone in water (m2 s–1) 

E enhancement factor (–) 

g acceleration due to gravity (m s–2) 

Ha Hatta number (–) 

k rate constant for the reaction of DMP with ozone [(mol  dm–3)1–m–n s–1] 

dk  self-decomposition rate constant of ozone (s–1) 

lk   mass transfer coefficient (m s–1) 

Lk a   volumetric mass transfer coefficient of ozone in the reacting system (s–1) 

0( )Lk a   
volumetric mass transfer coefficient of ozone in the non-reacting system 

(s–1) 

m order of reaction with respect to DMP (–) 

n order of reaction with respect to ozone (–) 

3[O ]  concentration of ozone during the reaction (mol m−3) 

*
3[O ]  saturation concentration of ozone in water (mol m−3) 

3[O ]ss  steady state concentration of ozone in the aqueous phase (mol m−3) 

r correlation coefficient (–) 

t ozonation time (s) 
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T temperature (K) 

[TOC]0 initial total organic carbon (mg dm−3) 

u average rising velocity of the microbubbles (m s–1) 

Greek symbols 

  kinematic viscosity of water (m2 s–1) 

Abbreviations 

DMP dimethyl phthalate 

OMB ozone microbubble  

TOC total organic carbon 

UV ultraviolet  
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CHAPTER 4 

REMOVAL OF DIETHYL PHTHALATE FROM WATER 

BY OZONE MICROBUBBLES 

 

This chapter presents the use of ozone microbubbles to remove diethyl phthalate (DEP) 

from water. The removal of DEP and the mineralization efficiency have been discussed 

under various reaction conditions. The contribution of ·OH has been determined by using 

a hydroxyl radical scavenger (i.e., t-BuOH). The effect of addition of H2O2 on the removal 

of DEP has also been investigated. The overall kinetic parameters of oxidation of DEP 

by ozone have been computed from the experimental results.  

 

4.1 Introduction  

DEP is one of the most frequently-identified phthalates in diverse environments. It is used 

as a plasticizer in various products. It was chosen as a model target pollutant in this work 

because of its high solubility in water and toxicity. As discussed in Section 1.6.1, DEP is 

difficult to degrade by the biological and photo-chemical methods. Therefore, there is a 

strong need for effective treatment processes for the removal of DEP from water and 

wastewater. The use of ozone microbubbles (OMBs) may be a good alternative method 

for complete degradation and mineralization of DEP present in water. 

 The aim of this work was to investigate the removal efficiency of DEP by the 

OMBs. The major parameters which influence the removal of DEP, such as its initial 

concentration, ozone generation rate (i.e., concentration of ozone in the feed gas), and the 

pH of reaction medium, have been studied. In addition, the contribution of hydroxyl 
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radicals to the removal of DEP and the effect of H2O2 on ozonation have been 

investigated. The total organic carbon (TOC) of the solutions was analyzed to determine 

the extent of mineralization. The overall kinetic parameters of the reaction between DEP 

and ozone, and their variation with the pH of the medium have been determined from the 

experimental results. Microbubbles enhanced mass transfer as compared to the 

conventional bubbling process. Therefore, the microbubble-based ozonation process is 

expected to provide a better efficiency for the removal of DEP and mineralization. 

 

4.2 Results and discussion 

4.2.1 UV–Vis spectra of DEP 

The experiments for OMBs were conducted at the ozone generation rate of 1.94 mg s–1. 

The UV–Vis spectra of DEP before and after ozonation are shown in Figure 4.1. From 

these spectra, it is observed that initially, there were two maxima at 230 and 276 nm. The 

absorption spectrum of DEP at both maxima almost vanished after 1.2 ks of ozonation. 

This shows that the aromatic ring of DEP was destroyed by direct and indirect reactions 

with ozone. Similar spectra of DEP have been reported by Oh et al. (2006).  However, 

they have reported that the peak at 275 nm had somewhat weakened and the nearby bands 

showed a slight increase, whereas the peak at 230 nm was slightly reduced after 1.8 ks of 

ozonation using millibubbles. From these observations, they concluded that the slight 

increase of absorbance at 275 nm indicated the formation of the intermediate products. 
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Figure 4.1: UV–Vis absorption spectra of DEP before and after ozonation. 

 

4.2.2 Effect of hydroxyl radicals on the removal of DEP 

Molecular ozone can directly participate in the oxidation of organic and inorganic 

compounds. In addition, ozone decomposes in water through a series of chain reactions 

(Beltrán, 2004). The mechanism of decomposition in the acidic medium differs from that 

in the alkaline medium (Khuntia et al., 2015).  

The decomposition of ozone leads to the generation of ·OH during the initiation 

and propagation reactions (see Table 1.2). Thus, the oxidation of a compound by ozone 

may occur via two mechanisms (i.e., by direct reaction with molecular ozone and by 

indirect reaction with the ·OH) (Staehelin et al., 1984; Tomiyasu et al., 1985; von Gunten, 

2003). In order to account for the contribution of each of the two pathways, radical 

scavengers have been used to gain information on the nature of the reactions. Similar to 

Section 3.2.7, t-BuOH was used to study the contribution of ∙OH in the oxidation of DEP. 

After scavenging the ·OH by t-BuOH, only the reaction by molecular ozone would prevail 
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in the system. In this work, the experiments were conducted with 2.5, 5, and 10 mol m–3 

t-BuOH at the ozone generation rate of 1.94 mg s–1 and pH 7. The experimental results 

shown in Figure 4.2 (a) reveal that in the absence of t-BuOH, almost all of the DEP was 

removed within 1.8 ks reaction time, whereas only 9% removal was achieved in the 

presence of 10 mol m–3 t-BuOH. This clearly indicates that the reaction involving ·OH 

dominated over the reaction with the ozone molecules.  

The effects of t-BuOH in the acidic and alkaline media were investigated by the 

addition of 5 mol m–3 t-BuOH at the ozone generation rate of 1.94 mg s–1. The results 

shown in Figure 4.2 (b) indicate that DEP was mainly oxidized by the indirect reaction in 

alkaline solutions, where the effect of t-BuOH was more pronounced (see Section 4.2.3 

for the effect of pH in absence of t-BuOH). Our results agree with the previous studies 

(Na et al., 2012b). This may be due to the more favorable reaction of ·OH with DEP in 

the alkaline medium. The experimental results reported in this study clearly demonstrate 

that the reactions with ·OH indeed play a very important role in the oxidation of DEP. 

4.2.3 Effect of pH of the aqueous solution 

The mechanism of decomposition of ozone in the acidic and alkaline solutions has been 

proposed by several researchers (Gardoni et al., 2012; Sehested et al., 1991; Sehested et 

al., 1984; Staehelin et al., 1984; Tomiyasu et al., 1985) and summarized in the work of 

Khuntia et al. (2015). The effect of pH on the oxidation of DEP is shown in Figure 4.3 

(a). The experiments were conducted at the ozone generation rate of 1.94 mg s–1. The 

initial DEP concentration was 0.18 mol m–3 and the pH was varied from 3 to 9. It is seen 

from Figure 4.3 (a) that the acidic medium (i.e., pH 3) was not suitable for the oxidation 

of DEP by the OMBs. On the other hand, when the pH was increased, the removal of 

DEP increased significantly. 
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Figure 4.2: (a) Effect of concentration of t-BuOH (at pH 7) and (b) effect of pH in 

the presence of 5 mol m3 t-BuOH on the removal of DEP. 

 

 After performing ozonation for 1.8 ks, the removal of DEP was 35 and 98% at pH 

3 and 7, respectively. Thus, it is apparent that the concentration of ·OH increased with 

increasing pH, which favored the indirect reaction (Beltrán, 2004; Gottschalk et al., 2010; 

Hoigné and Bader, 1983). This conclusion is in good agreement with the results reported 

(a) 

(b) 
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in the literature (Mansouri et al., 2013; Tay et al., 2010). At low pH (i.e., pH 3), the 

oxidation of DEP was less due to the lower decomposition of ozone, and hence a lower 

concentration of ·OH (Mansouri et al., 2013; Staehelin and Hoigne, 1982).  

 

 

Figure 4.3: (a) Effect of pH of the aqueous solution on the removal of DEP and (b) 

variation of pH of the solution with time during ozonation. 

(a) 

(b) 
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The pH of the solution slightly decreased with time [Figure 4.3 (b)], which is 

likely due to the formation of organic acid intermediates during the oxidation of DEP 

(Hou et al., 2016; Jung et al., 2010). This lowered the pH of the medium.  

4.2.4 Effect of initial concentration of DEP 

Figure 4.4 shows the effect of initial concentration of DEP on its removal by the OMBs 

at 1.94 mg s–1 ozone generation rate. The concentration profiles followed a similar trend 

at the different initial concentrations of DEP. It is clearly seen that the extent of removal 

of DEP decreased as the initial concentration of DEP increased. The times required to 

achieve 50% removal (i.e., half-life time) were 180, 300, 420, 600, and 1500 s, when the 

initial concentrations of DEP were 0.045, 0.09, 0.18, 0.36. and 0.72 mol m–3, respectively. 

For the lowest initial concentration (i.e., 0.045 mol m–3), almost all of the DEP was 

removed within 900 s of ozonation. 

 

Figure 4.4: Effect of initial concentration of DEP on its removal by the OMBs. 
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On the other hand, only 38% removal was achieved for 0.72 mol m–3 initial 

concentration of DEP in 900 s. This shows that the OMBs achieved a lesser extent of 

oxidation of DEP, within a given time, if its initial concentration was higher. An increase 

in the initial concentration of DEP led to an increase in the concentration of the 

intermediate compounds formed during the course of ozonation (Tay et al., 2010). 

Researchers (Jung et al., 2010) have detected about 13 intermediates (e.g., phthalic acid, 

phthalic anhydride, and 4-hydroxy phthalate) during the ozonation of DEP. They have 

proposed two degradation pathways (i.e., hydrolysis of the aliphatic chain and 

hydroxylation resulting from the attack of the hydroxyl radical on the aromatic ring). 

After the initial hydroxylation and hydrolysis reactions, ozone opened-up the aromatic 

ring of DEP and formed some acidic compounds such as malonic, succinic, and glutaric 

acids. Thus, the molecular ozone in the reaction medium and the hydroxyl radicals 

produced in situ were both consumed in the oxidation of DEP and the intermediates 

produced during the course of reaction. 

 

4.2.5 Effect of ozone generation rate  

In this work, the ozonation experiments were conducted with various ozone generation 

rates to investigate the effect of ozone concentration in the microbubbles on the removal 

efficiency of DEP. The experimental results shown in Figure 4.5 reveal that the removal 

rate of DEP increased with increasing ozone generation rate. This is expected because the 

increase in ozone concentration in the aqueous phase enhanced the direct and indirect 

reactions of ozone with DEP (Mansouri et al., 2013). From Figure 4.5, it is clearly seen 

that increasing the ozone generation rate from 1.11 to 2.22 mg s–1 significantly improved 

the removal of DEP from 50 to 99.8% within 900 s of ozonation. However, a much longer 
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ozonation time was needed to achieve a similar removal when the ozone generation rate 

was 1.11 mg s–1.  

 

Figure 4.5: The effect of ozone generation rate on the removal of DEP at pH 7. 

 

However, further increase in the ozone generation rate (i.e., beyond 2.2 mg s–1) 

had a small effect on the oxidation of DEP. These trends are in good agreement with the 

results reported in the literature (Tay et al., 2010). The concentration of dissolved ozone 

in the reactor was measured with time. Figure 4.6 depicts the concentration profiles of 

dissolved ozone in the aqueous phase in the presence of 0.18 mol m–3 DEP at two ozone 

generation rates at pH 7. The steady state concentrations of dissolved ozone were 0.129 

and 0.175 mol m–3 for the ozone generation rates of 1.11 and 1.94 mg s–1, respectively. 

The equilibrium concentration of ozone in the aqueous phase can be described by the 

Henry’s law, which is given by Equation (4.1) (Li and Tsuge, 2006).  
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3 g
3

[O ]
[O ]*

RT

M H

 
  
 

 (4.1) 

 

Figure 4.6: Concentration profiles of dissolved ozone in the presence of DEP. 

 

where  is the equilibrium concentration of ozone in the aqueous phase, 3 g[O ]  is 

the concentration of ozone in the gas phase,  is the density of water, R is the gas 

constant, T is the temperature, M is the molecular weight of water, and H is the Henry’s 

law constant. The Henry’s law constant, H, depends on the temperature and pH of the 

medium, which are correlated as (Roth and Sullivan, 1981) 

 
0.035

73.84 10 OH exp 2428H T  
 

 (4.2) 

where [OH ]  is the hydroxide ion concentration. The equilibrium concentration of ozone 

in the aqueous phase is related to its steady state concentration, 3 ss[O ] , by the Equation 

(4.3) (Roth and Sullivan, 1981). 

3[O ]*


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  
 

 (4.3) 

where dk  is the self-decomposition rate constant of ozone and Lk a  is the volumetric 

mass transfer coefficient of ozone in the reacting system. As the ozone generation rate 

increased, the steady state concentration of dissolved ozone in the aqueous phase 

increased. At the low ozone generation rate, the concentration of ozone in the gas mixture 

was low due to the presence of a large amount of oxygen in the gas (Khuntia et al., 2012b). 

Hence, the equilibrium concentration of ozone in the aqueous phase was low, which is 

predicted by Equation (4.1).  Furthermore, Lk a  increased with increasing ozone 

generation rate (Khuntia et al., 2012b). Therefore, 3 ss[O ]  increased with increasing 3[O ]*  

and Lk a , as predicted by Equation (4.3). 

4.2.6 Reduction of TOC  

The overall degree of mineralization of DEP can be determined by analyzing the TOC 

during the course of reaction. The TOC at any time represents the total concentration of 

unreacted DEP and the intermediate organic compounds formed from the oxidation of 

DEP (Oh et al., 2006). The effectiveness of a water treatment technology should be based 

not only on the efficiency of pollutant degradation but also on the reduction of TOC and 

the toxicity of the intermediate organic compounds (Na et al., 2012a; Nahum et al., 2013). 

In order to quantify the mineralization of DEP, the TOC of the aqueous solution before 

and during the ozonation was monitored with time. All experimental conditions were 

similar to that of Section 4.2.3. The initial TOC of the solutions was ~23 mg dm–3 at 0.18 

mol m–3 initial concentration of DEP. Figure 4.7 shows the TOC profiles at different pH. 

It is apparent from Figure 4.7 that the TOC reduction was favored in both neutral and 

alkaline solutions, although the extent of mineralization was vastly different. At all pH, 
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the TOC reduction rate was lower than the corresponding DEP removal rate (see Figures 

4.3 and 4.7). This was due to the formation of intermediates during the course of 

ozonation.  

 

Figure 4.7: Reduction of TOC at different pH. 

 

Complete mineralization of all these compounds needed a longer time. At pH 7, 

after 600 s of reaction time, less than 50% of the TOC was reduced, while 78% of DEP 

was removed. In acidic media (i.e., pH 3), only 26% mineralization was achieved, which 

was very less as compared to 97% at pH 9. In our microbubble-based experimental 

system, ozone rapidly dissolved in water due to the high pressure inside the microbubbles. 

Consequently, the microbubbles quickly reduced in size. The pressure inside a 

microbubble goes on increasing as its size reduces. This ultimately leads to the collapse 

of the microbubble. The high concentration of dissolved ozone in the aqueous medium 

leads to the formation of a significant amount of ·OH (Khuntia et al., 2015). The ·OH is 
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believed to be the key reactive species, which effectively oxidized the intermediate 

organic compounds. Hou et al. (2016) have reported that direct ozonation was not 

effective for DEP mineralization, and better removal of TOC was achieved by enhancing 

the formation of ·OH using the electro-peroxone process. 

4.2.7 Effect of addition of H2O2 

The effect of addition of H2O2 on the removal of DEP was investigated by adding 1 to 8 

mol m–3 H2O2 at pH 7. The results shown in Figure 4.8 indicate that a slight enhancement 

in DEP removal was achieved for 1 and 2 mol m–3 doses of H2O2. After carrying out 

ozonation for 1.8 ks, a dose of 2 mol m–3 H2O2 improved the removal of DEP from 93 to 

99%. The improvement was very small above 2 mol m–3 dosage of H2O2.  

  

Figure 4.8: Effect of addition of H2O2 on DEP degradation. 

 

 Addition of H2O2 to the ozonation system is expected to promote the 

decomposition of ozone and enhance the generation of ∙OH (Hoigné, 1998; Mansouri et 

al., 2013; Wen et al., 2011). This would increase the reaction rate, which would enhance 
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the removal of contaminants significantly. Interestingly, further increase in the dosage of 

H2O2 adversely affected the oxidation of DEP. The removal rate decreased to 90 and 83% 

for the dosages of 4 and 8 mol m−3 H2O2, respectively. Huang (2010) has concluded that 

increasing the H2O2/O3 mole ratio beyond 1:2 did not lead to a pro-rata improvement in 

the removal rate of the phthalates. It is likely that the excess ·OH produced in the reaction 

medium recombine, and therefore, lead to a low reaction rate, which is not helpful for the 

oxidation of the target organic pollutant (Gottschalk et al., 2010). It has been reported 

(Muruganandham and Swaminathan, 2004) that at high H2O2 concentration, H2O2 acts as 

a ·OH quencher, and thus lowers the concentration of ·OH in the aqueous solution. 

Besides  this, H2O2 is not only an initiator and promoter of ozonation, but it can also act 

as an inhibitor of ozone decomposition when its concentration is so high that the reaction 

between H2O2 and O3 becomes controlled by mass transfer (Beltrán, 2004).  

In acidic solutions (i.e., at pH 3 and 5) H2O2 reacts very slowly with molecular O3 

(Mansouri et al., 2013). Therefore, a negligible removal of DEP was observed. At pH 7 

and 9, the decomposition of ozone was slightly accelerated by H2O2, which enhanced the 

removal of DEP. These findings corroborate the results reported by Mansouri et al. 

(2013). To investigate the extent of DEP removal by H2O2 alone, 2 mol m–3 H2O2 was 

added to the aqueous solution containing 0.18 mol m–3 DEP, in the presence of air 

microbubbles. It was found that the removal of DEP was very less after 1.8 ks of reaction 

time. This implies that DEP is resistant to the degradation by H2O2 alone. This is in good 

agreement with the previous studies (Xu et al., 2007). 

The effect of H2O2 was studied at different ozone generation rates. Figure 4.9 

shows that the addition of 2 mol m–3 H2O2 enhanced the removal of DEP for all ozone 

generation rates. Therefore, it is apparent that increasing the ozone generation rate 
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increased the dissolved ozone concentration in the solution. From Figure 4.9, it is 

observed that for the same dosage of H2O2, its effect became less pronounced at the higher 

ozone generation rates (i.e., higher dissolved ozone concentration). 

 

Figure 4.9: Effect of addition of H2O2 on DEP degradation at different ozone 

generation rates. 

 

4.2.8 Estimation of overall kinetic parameters of oxidation of DEP by ozone 

In our experimental setup, ozone gradually dissolved in water and reacted with DEP. The 

rate of transfer of ozone to water was high due to the high residence time of the 

microbubbles, large gas–liquid interfacial area, and a reasonable solubility of ozone in 

water (which is much greater than that of oxygen) (Khuntia et al., 2012a). As a result, the 

concentration of ozone in the aqueous phase went on increasing until the saturation state 

was asymptotically reached. This usually happened after a few minutes of the 

commencement of ozonation. The kinetic equation for the reaction between DEP and 

ozone can be expressed as 
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 3
d[DEP]

[DEP] O
d

nmk
t

   
(4.4) 

where k is the overall reaction rate constant, and m and n are the orders of reaction with 

respect to DEP and ozone, respectively. Ozone reacts directly and indirectly with DEP, 

and simultaneously undergoes self-decomposition. Several researchers (Beltrán, 2004; 

Sotelo et al., 1987; Sotelo et al., 1989) have reported that the self-decomposition of ozone 

in water depends on the pH of the solution, and it follows a first-order kinetics. Therefore, 

the overall mass balance of ozone contains three terms, i.e., the rate of mass transfer of 

ozone from the gas to the liquid phase, the self-decomposition of ozone, and the reaction 

of ozone with DEP. This can be expressed as 

 
        3

3 3 3 3

d O
O *  O O [DEP] O

d

nm
L dk a k k

t
     (4.5) 

Incorporating Equation (4.3) into Equation (4.5) and after rearranging, the following 

overall mass balance of ozone is obtained. 

 
        3

3 3 3ss

d O
O O [DEP] O

d

nm
L dk a k k

t
     (4.6) 

The ODEs given by the Equations (4.4) and (4.6) were simultaneously solved by the 

Runge–Kutta method using Polymath® (version 6.0). The best-fit values of the unknown 

parameters were obtained by fitting the model to the concentration profiles of DEP and 

ozone in the reactor. Table 4.1 summarizes these values. The data were fitted well by the 

model with r2 > 0.98. The values of dk  were calculated in the Section 3.2.8. The fit of 

the kinetic model to the concentration profiles of ozone and DEP in the reactor at the 

ozone generation rate of 1.94 mg s–1 and pH 7 is shown in Figure 4.10.  
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 As can be seen from Table 4.1, both the overall reaction rate constant, k, and the 

volumetric mass transfer coefficient of ozone, ,Lk a  slightly increased with increasing 

pH. The reaction between ozone and DEP followed an overall second-order kinetics, and 

first-order with respect to both ozone and DEP. These findings corroborate the results 

reported in the literature (de Oliveira et al., 2011; Hoigné and Bader, 1983). 

 

Table 4.1: Kinetic and mass transfer parameters for the oxidation of DEP by the OMBs 

(ozone generation rate = 1.94 mg s–1; [DEP]0 = 0.18 mol m–3) 

pH  3 ss
O  

(mol m–3) 

Lk a  × 103 

(s–1) 

k 

[(mol m–3)1–m–n s–1] 

m 

(–) 

n 

(–) 

r2 

(–) 

3 0.202 4.93 0.002 1.2 0.9 0.98 

5 0.187 6.14 0.006 1.4 0.7 0.98 

7 0.175 6.71 0.024 1.0 0.96 0.99 

9 0.158 6.82 0.026 1.0 0.98 0.98 
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Figure 4.10: Concentration profiles of ozone and DEP in the reactor, and the fit of 

the kinetic model at pH 7. 

 

  

 

 

 

 

 

 

 

 

TH-2591_136107035



 

134 

 

4.3 Conclusions  

 The OMB-based technology for the oxidation of DEP in the aqueous medium was 

very effective.  

 The use of t-BuOH as the hydroxyl radical scavenger confirmed the contribution 

of ·OH to the degradation of DEP. At neutral and alkaline pH, the reaction 

between DEP and ∙OH was dominant over the direct reaction of DEP with 

molecular ozone.  

 Increase in the ozone generation rate increased the concentration of dissolved 

ozone in the aqueous phase, which enhanced the oxidation of DEP.  

 At pH 7, 94% TOC removal efficiency was achieved. Complete mineralization 

was achieved at a higher pH and at the ozone generation rate of 1.94 mg s–1. The 

·OH generated from ozone is believed to be the key reactive species that 

effectively oxidized the intermediate compounds formed from DEP during 

ozonation.  

 The rate of oxidation of DEP was enhanced by the addition of a small amount of 

H2O2, which augmented the generation of hydroxyl radicals. However, addition 

of a large amount of H2O2 had an adverse effect on the removal of DEP.  

 The oxidation of DEP with ozone followed an overall second-order kinetics. The 

overall reaction rate constant and the volumetric mass transfer coefficient of 

ozone slightly increased with pH whereas, the steady state concentration of 

dissolved ozone in the reactor decreased with increasing pH. 
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Notations 

a   specific gas–liquid interfacial area (m2 m–3) 

[DEP] concentration of diethyl phthalate in the reactor during the reaction (mol 

m−3) 

[DEP]0 initial concentration of diethyl phthalate in the reactor (mol m−3) 

g acceleration due to gravity (m s–2) 

H Henry’s law constant (Pa m3 mol‒1) 

k rate constant for the reaction of DEP with ozone [(mol  m–3)1–m–n s–1] 

dk  self-decomposition rate constant of ozone (s–1) 

Lk a   volumetric mass transfer coefficient of ozone in the reacting system (s–1) 

m order of reaction with respect to DEP (–) 

M molecular weight of ozone (g mol–1) 

n order of reaction with respect to ozone (–) 

3[O ]  concentration of ozone during the reaction (mol m−3) 

*
3[O ]  saturation concentration of ozone in water (mol m‒3) 

3[O ]g  concentration of ozone in the gas phase (mol m−3) 

3 ss[O ]  steady state concentration of ozone in the aqueous phase (mol m−3) 

r correlation coefficient (–) 

R gas constant (J mol–1 K–1) 

t ozonation time (s) 

T temperature (K) 

Greek symbols 

ρ density of ozone (kg m–3) 
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Abbreviations 

DEP diethyl phthalate 

OMBs ozone microbubbles  

TOC total organic carbon 

UV ultraviolet  
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CHAPTER 5 

OXIDATION OF BISPHENOL-A BY OZONE 

MICROBUBBLES  

 

This chapter presents the use of the ozone microbubbles (OMBs) for oxidation of 

bisphenol-A (BPA) in water. The effects of the main operational parameters that influence 

the removal of BPA were investigated. The stoichiometric ratio of ozone consumed to 

BPA removed, and the ozone utilization efficiency were computed from the experimental 

results. The degradation efficiency of BPA and its selected major reaction-intermediates 

(i.e., catechol and hydroquinone) were studied in aqueous solution by the OMBs. The 

effect of bicarbonate ions and the contribution of hydroxyl radicals on the oxidation of 

BPA are reported. The extent of mineralization of BPA and its oxidation-intermediates at 

the optimal conditions are estimated by TOC measurements. The overall kinetic 

parameters of the reaction between BPA and ozone are reported at different initial 

concentrations of BPA and pH. 

 

5.1 Introduction  

Bisphenol-A is extensively detected in the environment as discussed in the Section 1.6.2. 

The treatment of BPA is difficult by the conventional wastewater treatment methods 

because of its ring structure that leads to its low solubility in water and low vapor pressure, 

enabling the molecules to escape the treatment units (Mutseyekwa et al., 2017). Most of 

the works based on the catalytic ozonation process have reported that it is effective for 

the removal of BPA. However, the major drawback of this process is the preparation of 

the catalyst, which is complicated and expensive. Therefore, the application of the OMBs 
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would be a very good alternative and efficient method for complete degradation of BPA 

inasmuch as the reaction between ozone and the organic compound is expected to be 

accelerated by the use of the microbubbles, and the hydroxyl radicals would be formed 

in situ without using any catalyst.  

 This work is aimed to examine the effectiveness of OMBs for the oxidation of 

BPA and its major reaction intermediates. The stoichiometric ratio of ozone consumed to 

the BPA removed, and the ozone utilization efficiency of the OMBs system were 

computed from the experimental results. The main operational parameters that influence 

the oxidation of BPA have been studied in detail. Besides, the effect of bicarbonate and 

the contribution of the ·OH to the oxidation of BPA have been explored. The extent of 

mineralization of BPA and its oxidation-intermediates was studied from the TOC 

measurements. The overall kinetic parameters such as the Hatta number, volumetric mass 

transfer coefficient, and rate constant of reaction between BPA and ozone have been 

determined from the experimental results. Since the microbubbles enhance mass transfer 

as compared to the conventional ozonation process, the OMBs process is expected to 

provide a better efficiency for the degradation of BPA and mineralization of its oxidation 

intermediates. At the same time, the amount of ozone required for the oxidation and the 

loss of ozone can be reduced significantly by this process. 

 

5.2 Results and discussion 

5.2.1 Effects of the operational parameters on the removal of BPA 

The effectiveness of the OMBs in removing the BPA was investigated under different 

experimental conditions by varying the pH of the aqueous solution (in the range of 3–11), 

initial BPA concentration (in the range of 7.81  10–3 – 0.25 mol m–3), ozone generation 
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rate (in the range of 0.56–1.94 mg s−1), t-BuOH concentration (in the range of 0.5 – 10 

mol m–3), and bicarbonate ion concentration (in the range of 2.0 – 10.0 mol m–3).  

5.2.1.1 Effects of pH and hydroxyl radicals 

In ozone-based oxidation of the organic pollutants, pH of the solution is considered as a 

key parameter for the oxidation by molecular ozone as well as that by the ·OH, because 

pH controls the generation of ·OH and utilization of ozone (Buffle et al., 2006; Elovitz et 

al., 2000; Hoigné and Bader, 1983). In this work, the effect of initial pH of the solution 

was investigated at [BPA]0 = 0.125 mol m–3
 and the ozone generation rate of 1.11 mg s−1. 

From the experimental results, it is seen that the removal efficiency of BPA by OMBs 

was improved from 41 to 98% within 600 s of ozonation [Figure 5.1 (a)] as the initial pH 

was increased from 3 to 7 (i.e., acidic to neutral), which is in agreement with the previous 

works reported (Garoma and Matsumoto, 2009; Liu et al., 2018). Nevertheless, the 

removal efficiency of BPA did not show a significant enhancement when the pH was 

further increased from 7 to 11. It required nearly the same ozonation time (i.e., 700 s) to 

achieve ~99.9% removal efficiency for the initial pH of 7, 9, and 11. The insignificant 

effect of alkaline pH during the ozonation may be attributed to the generation of 

carboxylic acids during the degradation of BPA, which resulted in a slight decrease in the 

pH of the medium during the oxidation [Figure 5.1 (b)], thereby influencing the BPA 

removal efficiency.  
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Figure 5.1: (a) Effect of variation of initial pH of the solution on BPA removal and 

(b) variation of pH during the course of ozonation. 

 

 Kinetic rate constants for the direct reaction between ozone and BPA have been 

reported (Kusvuran and Yildirim, 2013) to be 0.13 and 1.6  106 mol‒1 m3 s‒1 in strongly 

acidic and alkaline solutions, respectively, which clearly imply that the electrophilic 

reaction between BPA and molecular ozone was much more favorable in the alkaline 

solutions. However, due to the fact that the ozone molecules are consumed by the 

decomposition reactions in the alkaline solutions, and the non-selective ∙OH may react 

with other ∙OH yielding hydrogen peroxide and further-undergoing self-decomposition 

reactions (Kusvuran and Yildirim, 2013), the improvement in the BPA removal at pH 11 

was rather insignificant as compared to that at pH 7 [Figure 5.1 (a)]. 

Under strongly acidic conditions (e.g., pH 3), BPA removal was not that effective. 

Nevertheless, the removal efficiency of BPA after 1.5 ks at pH 3 was 76%, which was far 

better than the results reported (Mutseyekwa et al., 2017) for the conventional ozonation 

of BPA using millibubbles. This could be due to the enhanced mass transfer of ozone by 

the microbubbles. It is apparent from Figure 5.2 that there was some contribution from 

(a) (b) 
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the indirect reaction between BPA and the hydroxyl radicals, which implies that the 

OMBs enhanced the generation of hydroxyl radicals under the acidic condition. 

 As shown in Figure 5.1 (a), the removal efficiency of BPA by the OMBs increased 

from 76 to 100% within 1.5 ks ozonation time as the initial solution pH was increased 

from 3 to 11. These results can be explained based on the pH-dependence of the self-

decomposition of ozone. It is known that the self-decomposition of ozone is accelerated 

at a higher solution pH (Sotelo et al., 1987), and it generates more reactive species. 

Therefore, the increase in the removal efficiency of BPA with the increase in the pH from 

3 to 7 could be mainly due to the enhanced self-decomposition of ozone that was 

enhanced by the microbubbles.  Considering the insignificant enhancement in the removal 

of BPA at pH > 7, the initial pH of 7 was selected as the optimum pH from the practical 

point of view. 

 

Figure 5.2:  Effect of t-BuOH on the removal of BPA at different pH. 
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 The role of ∙OH in the removal of BPA by the OMBs was examined by using a 

well-known ∙OH inhibitor, i.e., t-BuOH. If the ∙OH plays a significant role, the 

degradation of BPA is expected to be substantially hindered in the presence of t-BuOH 

inasmuch as it preferentially scavenges the ∙OH. Note that the rate constant for the 

reaction of t-BuOH with ozone is extremely small (i.e., 3  10–3 mol‒1 dm3 s‒1) as 

compared to that with ∙OH (i.e., 6  108 mol‒1 dm3 s‒1)  (Hoigné and Bader, 1983). As 

depicted in Figure 5.2, addition of 0.5 mol m–3 t-BuOH hindered the removal of BPA in 

the pH range of 311. This is an evidence that both the direct and indirect reactions 

between the ozone and BPA took place in the pH range up to 11. The effect of 0.5 mol 

m–3 t-BuOH was more pronounced in strongly acidic and alkaline solutions. The effect 

of ∙OH at neutral pH was less as compared to pH 3 and 11. The present study confirmed 

that the OMBs enhanced the mass transfer of ozone, generated the ·OH, and effectively 

degraded BPA within a shorter time as compared to the conventional ozone-based 

processes. 

5.2.1.2 Effects of ozone generation rate and initial BPA concentration 

The concentration of ozone in the aqueous phase during ozonation has a profound effect 

on the rate of oxidation of the organic compounds. To investigate the effect of ozone 

concentration (in the gas present in the microbubbles) on the removal efficiency of BPA, 

the ozonation experiments were conducted with three different ozone generation rates, 

i.e., 0.56, 1.11, and 1.94 mg s−1, which correspond to 0.283, 0.566, and 1.066 cm3 s–1 

volumetric flow rates of ozone in the feed gas, respectively. The experimental results 

reveal that the removal of BPA was significantly increased as the ozone generation rate 

(i.e., the ozone concentration in the solution) was increased. It was observed that about 

47.2, 90.1, and 99.6% of BPA were removed for 0.56, 1.11, and 1.94 mg s−1 OGRs, 

respectively after 600 s of ozonation [Figure 5.3 (a)]. This is anticipated, because an 
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increase in the ozone generation rate increased the dissolved ozone concentration in the 

aqueous solution [Figure 5.3 (b)], which either directly oxidized the BPA, or decomposed 

to produce the hydroxyl radicals, which in turn reacted with BPA and the intermediate 

oxidation  products. 

 
 

Figure 5.3: Effect of ozone generation rate on (a) BPA removal and (b) concentration 

profiles of dissolved ozone in the reactor in the presence of BPA at pH 7 and 0[BPA] = 

0.125 mol m–3. 

 

 The stoichiometric ratio of moles of ozone consumed per mole of BPA removed 

during the reaction can be presented as a function of the BPA degraded at a certain 

ozonation time for different initial concentrations of BPA and ozone generation rates. The 

stoichiometric ratio  RS  at the ozonation time t was computed by using Equation (5.1) 

(Garoma and Matsumoto, 2009): 

  
 

3O
3 3 res 3 exc3 abs

rem 0

[O ] [O ] [O ][O ]

[BPA] [BPA] [BPA]

g
R

r

V t
S

V

  
 


 (5.1) 

where [BPA] , 0[BPA] , and rem[BPA]  are the remaining (unreacted) concentrations of 

BPA at the reaction time t, the initial concentration of BPA, and the number of moles of 

BPA removed within the ozonation time t (all expressed in mol m–3), respectively. 3[O ]

(b) (a) 
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, 3 abs[O ] , 3 exc[O ] , and 3 res[O ]  are the total influent concentration of ozone, the number 

of moles of ozone absorbed by the solution, the excess effluent ozone concentration at 

reaction time t, and the remaining dissolved ozone concentration in the solution at 

ozonation time t (all expressed in mol m–3), respectively. t is ozonation time needed to 

reach the desired removal efficiency, 3O
gV  is the volumetric flow rate of ozone, and rV  is 

the total volume of the reactor. For our ozonation system, 3[O ]  and 3O
gV  were computed 

from the Equations (5.2) and (5.3), respectively. 

 3O
3

1
[O ] g

r

V t
M V




  
   

  
 (5.2) 

 3
3

.
O

O
1

g
RT

V G
P M

   
    

   
 (5.3) 

where M is molecular weight of ozone, P is the pressure, T is the temperature of the 

aqueous medium, R is gas constant, ρ is the density of ozone, and 
3

.

OG is ozone generation 

rate. The stoichiometric ratio for the complete removal of BPA was computed from 

Equation (5.1), and the values are given in Table 5.1. For 0.125 mol m–3 initial 

concentration of BPA, the values of RS  were 0.272, 0.254, and 0.276, for the ozone 

generation rates of 0.56, 1.11, and 1.94 mg s−1, respectively. Significantly different values 

of RS  have been reported for the conventional ozonation processes, i.e., 1.5–1.8 (Lee et 

al., 2003), 7.0–9.5 (Garoma and Matsumoto, 2009), 10.3 (Kusvuran and Yildirim, 2013), 

and 21.1 (Irmak et al., 2005).  
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Table 5.1: Summary of the stoichiometric ratios and ozone utilization efficiencies at different ozone generation rates and initial 

concentrations of BPA 

3

.

OG  

(mg s–1) 

3O 710gV   

(m3 s–1) 

[BPA]0 

(mol m–3) 

Time* 

(s) 

3[O ]  

(mol m–3) 

3 exc[O ]  

(mol m–3) 

3 res[O ]  

(mol m–3) 

3 abs[O ]  

(mol m–3) 

Stoichiometric 

ratio  RS  

Utilization 

efficiency 

(%) 

0.56 2.83 0.125 2100 1.324 0.131 0.050 1.143 0.272 86.33 

1.11 5.66 0.008 360 0.454 0.083 0.133 0.238 0.311 52.42 

1.11 5.66 0.125 1050 1.324 0.198 0.056 1.070 0.254 80.82 

1.11 5.66 0.250 1500 1.891 0.292 0.042 1.557 0.264 82.34 

1.94 10.61 0.125 600 1.419 0.208 0.127 1.084 0.276 76.39 

*Ozonation time required for the complete removal of BPA 
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The range of RS  obtained in this study is noticeably less than most of the values reported for 

BPA removal using conventional ozonation. The higher values of RS  reported in the 

literature could be due to the long ozonation times used by these researchers to achieve 

complete removal of BPA. In such extended ozonation processes, ozone would be consumed 

by the oxidation intermediates of BPA, resulting in a higher value of RS . In this study, the 

ozonation time required for the complete removal of BPA was in the range of 360 – 1500 s, 

except for the minimum ozone generation rate (i.e., 0.56 mg s–1), which required about 2100 

s of ozonation time. The OMBs enhanced the mass transfer of ozone. Since the oxidation of 

BPA took place in the aqueous phase, a higher concentration of ozone facilitated the reaction. 

Therefore, the use of the OMBs played a significant role in lowering the RS . 

 The concentration of BPA present in the surface water and wastewater varies, and it 

has been reported that some natural waters contain about 10 mg dm–3 BPA (Lee et al., 2003). 

Thus, it is necessary to evaluate the effect of concentration of BPA on its rate of removal by 

the OMBs. Figure 5.4 depicts the effect of initial concentration of BPA on its removal by the 

OMBs at 1.11 mg s–1 ozone generation rate and neutral pH. The extent of removal of BPA 

significantly reduced as the initial concentration of BPA increased, at a given ozone 

generation rate. The ozonation time required to achieve complete removal of BPA increased 

with increasing initial concentration of BPA. For instance, for the lowest initial concentration 

(i.e., 7.81 × 10–3 mol m–3), almost all of the BPA was removed within 360 s of ozonation. On 

the other hand, for the initial concentrations of 0.125 and 0.25 mol m–3, over 1050 s and 1500 

s ozonation times were required, respectively for the complete removal of BPA.  This clearly 

shows that the OMBs achieved a less extent of removal of BPA, within a given time, if its 

initial concentration was higher. 
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 Keeping other operational parameters constant, as the initial concentration of BPA 

was increased, the concentration of dissolved ozone in the solution also decreased (Figure 

5.4), resulting in the decrease of the molar ratio of ozone to BPA, which resulted in a 

decreased removal rate of BPA.  

 

Figure 5.4: Effect of the initial concentration of BPA on the concentration profile of BPA 

in the reactor. Effect of the initial concentration of BPA on the concentration profile of 

ozone in the reactor is shown in the inset. 

 

 Furthermore, an increase in the initial concentration of BPA led to an increase in 

the concentration of the intermediate compounds formed during the course of ozonation, 

which slowed down the removal of BPA, inasmuch as these compounds consumed ozone 

present in the medium (and hydroxyl radicals) for their further oxidation.  
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 The effectiveness of the microbubble-process was further investigated by 

determining the utilization efficiency of ozone ( )u  from Equation (5.4), based on the mass 

balance of ozone in the gas and liquid phases for the ozone generation rates of 0.56, 1.11, 

and 1.94 mg s–1. The initial concentrations of BPA were 0.008, 0.125, and 0.25 mol m–3. 

These are summarized in Table 5.1.    

3 abs

3

[O ]
(%) 100

[O ]
u



 
  
 

 (5.4) 

The range of ozone utilization efficiency for complete removal of BPA (i.e., 52.42 – 86.33%) 

is considerably higher than the range reported in the literature using catalytic ozonation (i.e., 

23.6 – 33.6%) (Zhang et al., 2020). These results confirm that the OMBs improved the 

utilization of ozone by enhancing the mass transfer of ozone in the aqueous solution and 

forming the highly reactive hydroxyl radicals. The ozone utilization efficiency decreased 

with increasing gas flowrate to the reactor, which corroborates the previous works (Li et al., 

2009).  

 

5.2.1.3 Effect of bicarbonate ion on BPA removal by the OMBs 

The presence of carbonates and bicarbonates in water/wastewater is common, and they may 

form the reactive carbonate ion radicals by reaction with the hydroxyl radicals (Beltrán, 

2004). The carbonate radical anion is a powerful one-electron oxidant that can result from 

the reaction of a hydroxyl radical with the carbonate or bicarbonate anion (Buxton and Elliot, 

1986; Cope et al., 1978), as per the following reactions: 
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2 8 3 1 1
3 3OH + CO  CO  OH                 3.9 10  dm  mol  sk

        (5.5) 

6 3 1 1
3 3OH + HCO  HCO  OH               8.5 10  dm  mol  sk        (5.6) 

3 3HCO  CO  H                                p   0Ka    (5.7) 

In this study, the effect of bicarbonate ion on the removal of BPA using OMBs was examined 

at 1.11 mg s–1 ozone generation rate at pH 7. The initial concentration of BPA was 0.125 mol 

m–3. The sodium bicarbonate concentration was varied in the range of 0.5 – 10.0 mol m–3. 

Addition of 0.5 mol m–3 NaHCO3 had no significant effect (data not shown). A very small 

effect of the addition of sodium bicarbonate on BPA removal was observed at 10.0 mol m–3 

NaHCO3 concentration (Figure 5.5). When the carbonate/bicarbonate ions are added to the 

solution, it is anticipated that the ·OH would react with them to produce the carbonate and/or 

bicarbonate radicals, which would augment the degradation of the micro-pollutants present 

in the medium. For instance, it has been reported that the presence of bicarbonate ions 

enhanced the sonochemical degradation of BPA by a factor of 3.2 (Pétrier et al., 2010). If the 

bicarbonate ions do not promote the oxidation, they can inhibit the removal of BPA. 

Nevertheless, from our experimental results, it can be observed that both the promotional and 

scavenging effects of the bicarbonate ions were rather trivial. This insignificant effect of the 

bicarbonate ions could be due to the considerably lower rate constants of the reactions of the 

carbonate and bicarbonate ions with the hydroxyl radical [i.e., 83.9 10  and 

6 3 1 18.5 10  dm  mol  s  , as shown in Equations (5.5) and (5.6)] than the same of BPA with 

the hydroxyl radical i.e., 1.0  1010 dm3 mol−1 s−1 (Gözmen et al., 2003). Consequently, BPA 

had a better chance of reacting with the hydroxyl radical available in the solution than the 
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carbonate and bicarbonate ions. The overall rate constant of the reaction of bicarbonate and 

carbonate ions with ozone (Hoigné et al., 1985) is much less than 0.01 dm3 mol−1 s−1, which 

is significantly lower (i.e., by about a factor of 104) than the overall reaction rate constant of 

BPA with ozone, found in this study (Section 5.2.3.2). It is also lower by a factor of 104 to 

106 dm3 mol−1 s−1 in comparison with the rate constants reported in the literature (Deborde et 

al., 2008; Lee et al., 2003).  

 

Figure 5.5: Effect of addition of 10 mol m–3 NaHCO3 on the removal of BPA by the 

OMBs. 

 

5.2.2 Extent of mineralization of BPA by the OMBs 

The effectiveness of any water/wastewater treatment method should be based not only on its 

organic pollutant removal efficiency but also on the extent of mineralization of the 

intermediate organic compounds formed during the course of reaction. The overall degree of 
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mineralization of BPA can be determined by analyzing the TOC. The TOC at any time 

represents the total concentration of unreacted BPA and the organic compounds formed 

during the ozonation (i.e., the reaction intermediates). In order to quantify the mineralization 

of BPA, the TOC of the aqueous solution before and during the ozonation was monitored 

with time. Figures 5.6 (a) and 5.6 (b) show the profiles of TOC removal as a function of 

ozonation time over an initial pH range of 3 – 11 of the aqueous solutions, and at different 

initial concentrations of BPA, respectively. The rate of TOC removal in the neutral and 

alkaline conditions was initially slow up to 0.6 ks ozonation time, and then it became faster 

during 0.6 – 1.8 ks ozonation time. Nonetheless, after 1.8 ks of ozonation, the percentage of 

mineralization did not change significantly during the rest of the ozonation time, and it took 

a longer time to remove the remaining TOC. This indicates that the oxidation intermediates 

of BPA were more resistant to ozonation in the solutions of higher pH. In contrary, in a 

slightly acidic solution (i.e., pH 5), the rate of TOC removal was very slow during the first 

1.2 ks of ozonation time, and then a considerable TOC removal was observed, which led to 

the complete removal of TOC. Only 19% TOC removal was observed during the first 1.2 ks 

reaction time, and in the next 1.2 ks (i.e., after 2.4 ks ozonation), more than 99% TOC was 

removed. It is probable that some oxidation intermediates of BPA were oxidized further in 

the slightly acidic solutions. This possibility was confirmed by monitoring the extents of 

removal of two major oxidation intermediates of BPA (i.e., catechol and hydroquinone) 

formed during the oxidation of BPA by the OMBs at pH 5 and 7 (Figure 5.7). 
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Figure 5.6: TOC removal profiles at (a) different (initial) pH of the solution and (b) 

different initial concentrations of BPA. 

   

(a) 

(b) 
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 From Figure 5.7 (b) it is seen that, at pH 7, both catechol and hydroquinone were 

formed very early and reached their respective maximum concentrations. However, their 

degradation was very slow and took a longer time. On the other hand, in a slightly acidic 

medium (i.e., pH 5), both catechol and hydroquinone were formed slowly, and once they 

reached their maximum concentration, their depletion rate was relatively fast [Figure 5.7 (a)]. 

This implies that in acidic medium, BPA is relatively more resistant to the OMBs as 

compared to its oxidation intermediates (i.e., catechol and hydroquinone). The extent of 

removal of catechol and hydroquinone by the OMBs was separately examined at pH 5 and 7 

(Figure 5.8). The results show that both of these compounds were more favorably oxidized 

in a slightly acidic medium than at the neutral pH. 

The ozone contact time ([O3]CT) in the aqueous phase can be written as a function of 

TOC removal, and it  can be determined by using the expression given in Equation (5.8).  

3 CT 3[O ]  [O ]dt   (5.8) 

3 CT 3

removed 0

[O ] [O ]d
  

[TOC] [TOC] [TOC]

t



 (5.9) 

where removed[TOC]  and [TOC] are the TOC removed within ozonation time t, and  the 

concentration of TOC at ozonation time t, respectively. 0[TOC] is the initial TOC. TOC 

(expressed in mol dm3) is determined based on the percentage of carbon in BPA, i.e., 78.95% 

(since 1 mol dm3 BPA contains about 0.7895 mol dm3 TOC). 3[O ]dt  is the area under the 

curve of the dissolved ozone in the solution versus ozonation time [Figure 5.3 (b)]. 
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Figure 5.7: Formation and depletion of catechol and hydroquinone during the oxidation 

of BPA by the OMBs at (a) pH 5 and (b) pH 7. 

 

(b) 

(a) 
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Figure 5.8: Effect of pH on the removal of catechol and hydroquinone by the OMBs at 1.8 

ks of ozonation time. The initial concentration of both catechol and hydroquinone was 0.1 

mol m–3. 

 

 The results show that the value of [O3]CT increased linearly with TOC removal until 

80% of the TOC was removed, and then it increased almost exponentially, as shown in Figure 

5.9. This overall increase of aqueous ozone contact time with TOC removal clearly illustrates 

that the oxidation intermediates of BPA, formed later during the reaction, may be resistant to 

ozonation.  

 The quantity, 3 CT removed[O ] [TOC]  [given in Equation (5.9)] can be used to 

examine the relationship between [O3]CT and TOC removal further. The results reveal an 

increase in 3 CT removed[O ] [TOC]  with increasing TOC removal during the first 20% of the 

latter. Then it slightly decreased until 80% of the TOC was removed. Finally, its increase 

was linear for the final 20% of the TOC removal (Figure 5.9). This supports the findings 
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presented earlier in this section that at pH 7, the extent of mineralization of BPA was initially 

slow until 20% of the TOC was removed (i.e., for the first 0.6 ks of the ozonation time). 

Afterwards (i.e., in the range of 0.6 – 1.8 ks of the ozonation time), the extent of removal was 

very fast (i.e., 20 – 80% TOC removal), and finally, starting from 1.8 ks up to the rest of the 

ozonation time, it was hindered [Figure 5.6 (a)]. 

 

Figure 5.9: Variation of 3 CT[O ]  and 3 CT removed[O ] [TOC] with TOC removal. 

This indicates that during the slow period of TOC removal, more ozone was 

consumed by BPA and the oxidation intermediates formed at the early stages, which is 

reflected by the increase in the stoichiometric ratio, 3 CT removed[O ] [TOC] . At 0.6 ks 

ozonation time, about 98% of the BPA was removed [Figure 5.1 (a)]. Therefore, the ozone 

was mainly consumed by the oxidation intermediates formed in the early stage. This caused 
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a decrease in the ratio in the middle of the ozonation. The increase in the stoichiometric ratio 

in the final stage could be due to the oxidation intermediates formed in the later stage of 

oxidation, which required more ozone for mineralization as compared to BPA and the 

oxidation intermediates formed in the early stage. This increase in the stoichiometric ratio in 

the final stage is in agreement with the work of Garoma et al. (2010). 

5.2.3 Kinetics of BPA oxidation by the OMBs 

It has been reported (Keykavoos et al., 2013; Rivas et al., 2009) that it is not proper to 

presume a single reaction rate constant during the oxidation of BPA inasmuch as the reaction 

between ozone and BPA has three main stages. These three stages are fast reaction with a 

very high reaction rate constant, fast reaction with an intermediate rate constant, and finally, 

slow reaction with a very low rate constant. Because of these three main stages of reaction, 

use of a single reaction rate constant is only an approximate way of analyzing the kinetics of 

the oxidation of BPA by the OMBs. Different kinetic approaches can be considered for each 

of these three reaction stages.  

 For the oxidation of BPA by the OMBs in our experimental setup, the complex 

reaction has been studied through two different approaches. The first approach was a model 

reaction based on the TOC removal, which included different species with different 

reactivities towards ozone. Three main stages during the oxidation of BPA were considered. 

In this approach, it was assumed that only molecular ozone and the hydroxyl radicals are the 

oxidizing species towards the organic compounds. In the second approach, ozone gradually 

dissolved in water and reacted with BPA. The effect of self-decomposition of ozone was not 

ignored, and the overall mass balance of ozone was considered. This is the process that 
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occurred in our OMB system. Note that, due to the complexity of the aqueous phase reaction, 

especially for the ozonation process, proposing a general mechanism is difficult. 

Nevertheless, for understanding the complex reactions during the oxidation of BPA, we have 

used the two above-mentioned approaches, which are described in Sections 5.2.3.1 and 

5.2.3.2.  

5.2.3.1 Kinetics based on TOC removal 

Kinetic study based on the TOC removal has been considered rarely in ozone-based advanced 

oxidation of pollutants. Therefore, there are aspects, which have not been considered yet, and 

they need further attention concerning the TOC kinetics. Ozone self-decomposes in water 

producing many species such as hydrogen peroxide and hydroxyl radicals. In this kinetic 

study, a general term, TOC, is treated as a distinct compound. Accordingly, the TOC-content 

of the solution can undergo two different reactions paths, i.e., with the ozone molecule and 

the hydroxyl radical. Considering the second-order reaction rate, Equation (5.10) expresses 

the overall rate equation for the removal of TOC by the ozone molecule and the hydroxyl 

radical during the ozonation of BPA (Rivas et al., 2009). 

   
3O 3 OH

d[TOC]
[TOC] O [TOC] OH

d
k k

t
    (5.10) 

Based on the assumption that the hydroxyl radicals are mainly generated from the ozone 

decomposition, and their concentration is proportional to the concentration of dissolved 

ozone in the aqueous solution (Rivas et al., 2009), Equation (5.10) can be simplified to 

Equation (5.11).  
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obs 3
d[TOC]

[TOC][O ]
d

k
t

   (5.11) 

where 
3obs O OHk k k   and    3OH O  . Integration of Equation (5.11) followed 

by rearrangement yields Equation (5.12). 

0

0
obs 3

[TOC]
ln [O ]d

[TOC]

t

t

k t
 

  
 

 (5.12) 

Therefore, the observed reaction rate constant (i.e., obsk ) can be calculated from the slope of 

plot of  0ln [TOC] [TOC]  versus 

0

3[O ]d
t

t

t . The latter was determined by following the 

procedure explained earlier in Section 5.2.1.4. From Figure 5.10, it is seen that there are three 

stages of reaction (i.e., from 0 – 0.6, 0.6 – 2.5, and 2.5–3.0 ks of ozonation).  

 

Figure 5.10: Determination of the rate constant for the oxidation of BPA by the OMBs 

based on the TOC removal. 
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 The corresponding reaction rate constants are 294.1, 1365.3, and 2477.7 dm3 mol–1 

s–1, respectively. The observed rate constants can provide us a good indication about the 

kinetic regime during the TOC removal in different stages of the reaction between BPA and 

ozone. Using similar approaches for determining the kinetics of TOC removal in the non-

catalytic ozonation of BPA, the values of the observed rate constant have been reported in 

the range of 0.7 – 35.6 dm3 mol–1 s–1 (Keykavoos et al., 2013; Rivas et al., 2009). The values 

obtained in this work were fairly higher than these values. 

5.2.3.2 Estimation of overall kinetic parameters of oxidation of BPA by ozone 

In the batch reactor of our experimental setup, ozone was supplied continuously during the 

entire course of ozonation. It gradually dissolved in water and reacted with BPA. Equation 

(5.13) can express the kinetics of the reaction between BPA and ozone. 

 3
d[BPA]

[BPA] O
d

nmk
t

       (5.13) 

where k is the rate constant for the reaction of BPA with ozone, and m and n are the orders 

of reaction with respect to BPA and ozone, respectively. During the BPA oxidation by the 

OMBs in the aqueous medium, ozone directly and indirectly reacts with BPA, and 

simultaneously underwent self-decomposition. Thus, the overall mass balance of ozone  [as 

shown in Equation (5.14)] comprises three terms, i.e., oxidation of BPA by the direct and 

indirect reactions with ozone, the rate of mass transfer of ozone from the gas to the liquid 

phase, and the first-order self-decomposition of ozone. The simplified form of this overall 

mass balance is given by 
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 
        3

3 3 3ss

d O
O O [BPA] O

d

nm
L dk a k k

t
     

(5.14) 

The simultaneous ODEs given by Equations (5.13) and (5.14) were solved by the Runge–

Kutta method. The concentration profiles of BPA and ozone were fitted to the experimental 

data using Polymath® (version 6.10) to obtain the best-fit values of the kinetic parameters. 

The best-fit (r2 > 0.98) values of the unknown kinetics parameters are given in Table 5.2. 

The values of dk   reported in Table 3.1 were used in these computations. The Lk a  slightly 

increased with the increasing 0[BPA]  and the pH of the solution. The overall reaction rate 

constant between BPA and ozone (i.e., k) slightly increased with the increasing pH. The 

oxidation of BPA by ozone followed a first-order with respect to both BPA and ozone, and 

an overall second-order kinetics. The value of k did not significantly vary with the 0[BPA] , 

which shows that it was a true rate constant. Figures 5.13 (a) and 5.13 (b) present the fit of 

the kinetic model to the concentration profiles of BPA and ozone in the reactor, respectively.  

 In fluidfluid reactions, both the chemical reaction and rate of mass transfer are 

important. To distinguish the role of these terms, a dimensionless parameter called Hatta 

number (Ha), which indicates the relative importance of these terms in the gas–liquid system 

(Beltrán, 2004) was computed following the procedure given in Section 3.2.10. For the 

second-order reaction between BPA and ozone, it can be computed from Equation (5.15), 

given below. 

30 O[BPA]
Ha

l

k D

k
  (5.15) 
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The values of the diffusivity of ozone in water,
3OD , (i.e., 1.89 × 10–9 m2 s–1) and the mass 

transfer coefficient, lk , (i.e., 1.975 × 10–4 m s–1) were calculated for our OMB system in 

Section 3.2.10. Using these data, Ha was computed from Equation (5.15) at different initial 

concentrations of BPA.  These values and their corresponding values of k are reported in 

Table 5.2. From the experimental results given in Table 5.2, it can be seen that Ha was in the 

range of 0.01 to 0.54. This shows that the oxidation was in the intermediate reaction regime 

for the higher initial concentration of BPA (i.e., 0.125 and 0.250 mol m–3), and slow reaction 

regime for the lower initial concentration of BPA (i.e., 0.008 mol m–3), as per the 

classification of regimes given by Levenspiel (1999). The low values of Ha obtained in this 

work confirm that the mass transfer resistance,  1 lk , was negligible. This implies that the 

rate of mass transfer was enhanced by the OMBs, which demonstrates the efficiency of the 

OMB system used for the ozonation of BPA. 
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Table 5.2: Kinetic and mass transfer parameters (at the ozone generation rate of 1.11 mg s–1) 

pH [BPA]0 

(mol m–3) 

3 ss[O ]  

(mol m–3) 

 L dk a k  

(s–1) 

310dk   

(s–1) 

 210Lk a   

(s–1) 

k × 10–3 

[(mol dm–3)1–m–n s–1] 

m 

(–) 

n 

(–) 

r2 

(–) 

Ha  

(–) 

5 0.125 0.064 0.0315 0.12 3.138 0.136 1.0 1.3 0.991 0.029 

7 0.008 0.133 0.0264 0.13 2.627 0.252 1.1 1.1 0.985 0.010 

7 0.125 0.056 0.0374 0.13 3.727 0.247 1.2 0.9 0.999 0.039 

7 0.250 0.042 0.0493 0.13 4.917 0.238 1.3 0.9 0.997 0.054 

9 0.125 0.052 0.0461 0.15 4.595 0.412 1.1 0.9 0.986 0.050 

 
  

Figure 5.11: Concentration profiles of (a) BPA and (b) dissolved ozone in the reactor, and the fit of the model. 

(a) (b) 
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5.3 Conclusions  

The following conclusions were reached based on the experimental studies and the 

analysis of the results. 

 The removal efficiency of BPA by OMBs was improved from 41 to 98% within 600 

s of ozonation as the initial pH was increased from 3 to 7. Further increase of pH did 

not show any significant improvement in the ozonation time (i.e., it did not 

significantly reduce the ozonation time to achieve the same removal efficiency).  

 Addition of 0.5 mol m–3 t-BuOH hindered the removal of BPA in the pH range 3 to 

11, which is an evidence that both the direct and indirect reactions between ozone and 

BPA took place. The effect of 0.5 mol m–3 t-BuOH was more pronounced in strongly 

acidic and alkaline solutions. 

 The rate of ozone generation had a significant effect on BPA removal. Increase in the 

ozone generation rate from 0.56 to 1.94 mg s−1 significantly improved the removal of 

BPA from 47.2 to 99.6% within 600 s at pH 7 and 0.125 mol m–3 initial concentration 

of BPA. This was expected because an increase in the influent ozone generation rate 

increased the dissolved ozone concentration in the aqueous solution, which directly 

oxidized BPA and also decomposed to produce reactive hydroxyl radicals, which in 

turn, reacted with BPA and its oxidation intermediates.   

 The stoichiometric ratio of the moles of ozone consumed for complete removal of 

BPA were determined as 0.228, 0.254, and 0.276 for the ozone generation rates of 

0.56, 1.11, and 1.94 mg s−1, respectively at pH 7 and 0.125 mol m–3 initial 

concentration of BPA. The rather small values of the stoichiometric ratios are possibly 

due to the high rate of mass transfer of ozone into the aqueous phase due to the 

microbubbles.  
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 A considerably high range of ozone utilization efficiency (i.e., 52.42 – 82.34%) for 

complete removal of BPA was achieved. 

 Addition of sodium bicarbonate (at 10.0 mol m–3 concentration) was found to have an 

insignificant effect on BPA removal. 

 The rate of TO C removal in the neutral and alkaline conditions was initially slow up 

to 0.6 ks ozonation time. After that, it was faster during 0.6 – 1.8 ks ozonation time. 

It did not change significantly afterwards. In contrary, at pH 5, the rate of TOC 

removal was very slow during the first 1.2 ks of ozonation, and then a considerable 

removal of TOC was observed, which ultimately led to its complete removal.  

 The contact time of ozone in the aqueous phase increased linearly with TOC removal 

up to 80%. It then increased exponentially during the rest 20%. Likewise, the 

stoichiometric ratio of the aqueous ozone contact time per TOC removed increased 

during the first 20% of the TOC removal, and it slightly decreased until 80% TOC 

was removed. Finally, it increased linearly during the remaining 20% TOC removal. 

During the slow period of TOC removal, the increase in the stoichiometric ratio, 

3 CT removed[O ] [TOC]  reflects that more ozone was consumed by BPA and the 

oxidation intermediates formed at the early stages.  

 Based on the TOC removal, three stages of reaction (i.e., from 0–0.6, 0.6–2.5, and 

2.5–3.0 ks of ozonation) were observed, and their corresponding (observed) reaction 

rate constants were 294.1, 1365.3, and 2477.7 dm3 mol–1 s–1, respectively.  

 The volumetric mass transfer coefficient of ozone slightly increased with increasing 

initial concentration of BPA and pH of the solution. The overall reaction rate constant, 

k, slightly increased with increasing pH. The reaction between ozone and BPA 

followed an overall second-order kinetics, and first-order with respect to both ozone 
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and BPA. The overall reaction rate constant did not significantly vary with the initial 

concentration of BPA at pH 7, which indicates that it was a true rate constant.  

 Very low values of the Hatta number (i.e., 0.01–0.054) showed that the reaction was 

in the intermediate and slow reaction regimes. This proves that the mass transfer 

resistance was negligible, which implying that the rate of mass transfer was enhanced 

by the OMBs. 
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Notations 

a   specific gas–liquid interfacial area (m2 m–3) 

[BPA] unreacted concentration of BPA at reaction time t (mol m–3) 

[BPA]0 initial concentration of BPA (mol m−3) 

rem[BPA]  number of moles of BPA removed within ozonation time t (mol) 

3OD  diffusivity of ozone in water (m2 s–1) 

3

.

OG  ozone generation rate (g s–1) 

Ha Hatta number (–) 

K rate constant for the reaction of BPA with ozone [(mol  dm–3)1–m–n s–1] 

k’ pseudo-first-order rate constant for the reaction of BPA with ozone (s–1) 

dk   self-decomposition rate constant of ozone (s–1) 

lk   mass transfer coefficient (m s–1) 

Lk a   volumetric mass transfer coefficient of ozone in the reacting system (s–1) 

0( )Lk a   
volumetric mass transfer coefficient of ozone in the non-reacting system 

(s–1) 

obsk  observed reaction rate constant (dm3 mol–1 s–1) 

M order of reaction with respect to BPA (–) 

M molecular mass of ozone (g mol–1) 

N order of reaction with respect to ozone (–) 

[·OH] concentration of hydroxyl radical in the solution at time t (mol m–3) 

3[O ]  concentration of ozone during the reaction (mol m−3) 

3[O ]  total influent concentration of ozone at ozonation time t (mol m–3) 

*
3[O ]  saturation concentration of ozone in water (mol m−3) 
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3 abs[O ]  number of moles of ozone absorbed by the solution within ozonation time 

t (mol) 

[O3]CT ozone contact time (mol m–3 s) 

3 exc[O ]  excess effluent ozone concentration at reaction time t (mol m–3) 

3 res[O ]  residual dissolved ozone concentration in the solution at reaction time t 

(mol m–3) 

3[O ]ss  steady state concentration of ozone in the aqueous phase (mol m−3) 

P pressure (Pa) 

R correlation coefficient (–) 

R gas constant (J mol–1 K–1) 

RS  stoichiometric ratio (–) 

T ozonation time needed to reach the desired removal efficiency (s) 

T temperature (K) 

[TOC] concentration of total organic carbon at ozonation time t (mol dm−3) 

[TOC]0 initial total organic carbon (mol dm−3) 

[TOC]remov

ed 

total organic carbon removed within ozonation time t (mol dm−3) 

3O
gV  volumetric flow rate of ozone (m3 s–1) 

rV  total volume of the OMBs reactor (m3) 

Greek symbols 

u  utilization efficiency of ozone 

Ρ density of ozone (kg m–3) 

Abbreviations 
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BPA bisphenol-A 

OMBs ozone microbubbles  

TOC total organic carbon 

UV ultraviolet  
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CHAPTER 6 

A COMPARATIVE STUDY ON THE REMOVAL OF 

DIMETHYL SULFOXIDE FROM WATER USING 

MICROBUBBLES AND MILLIBUBBLES OF OZONE 

 

In this chapter, the potential of the ozone microbubbles (OMBs) for the oxidation of 

dimethyl sulfoxide (DMSO) is investigated, and the results are compared with those of 

the conventional ozone millibubbles (OMLBs). Ozone utilization and the stoichiometric 

ratio of ozone consumed to DMSO removed were computed and compared. The 

effectiveness of OMBs and OMLBs in terms of the extent of mineralization of DMSO was 

investigated and compared. Formation and depletion of the two main oxidation 

intermediates of DMSO (i.e., DMSO2 and MSA) were investigated for both OMBs and 

OMLBs. The overall kinetic parameters of the reaction between DMSO and ozone have 

been determined from the experimental results, and their values have been compared.  

 

6.1 Introduction  

Removal of DMSO by conventional wastewater treatment techniques is not practicable 

due to the generation of volatile and noxious intermediate gases, as discussed in Section 

1.6.3. In recent times, ozone-based microbubble-aided technology has attracted much 

attention as a new potential candidate for effective oxidation of DMSO in 

water/wastewater without producing noxious intermediate gases. The aim of the present 

work was to investigate the potential of the OMBs for the oxidation of DMSO in detail, 

and compare the results with those of the conventional ozonation process using 
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millibubbles (i.e., OMLBs). The main operational parameters that influence the removal 

of DMSO have been studied. In addition, the contribution of ·OH to the removal of 

DMSO has been investigated for both OMBs and OMLBs. Ozone utilization and the 

stoichiometric ratio of ozone consumed to DMSO removed were computed and 

compared. Formation and depletion of the two main oxidation intermediates of DMSO 

(i.e., DMSO2 and MSA) were investigated for both OMBs and OMLBs. The overall 

kinetic parameters of the reaction between DMSO and ozone and their variation with the 

pH of the medium have been determined from the experimental results, and the results 

have been compared.  

 

6.2 Results and discussion 

6.2.1 Determinations of stoichiometric ratio and ozone utilization efficiency 

Ozone consumption and ozone utilization efficiency are the vital parameters for 

evaluating the oxidation performance of the ozone-based AOPs. These parameters need 

to be determined and optimized for high ozone utilization, that would involve high mass 

transfer of ozone and a large amount of generation of ·OH. From the mass balance, the 

amount of ozone absorbed during ozonation, which refers to the total ozone transferred 

to the aqueous solution per unit reactor volume, can be determined from Equation (6.1) 

(Marce et al., 2016). 

  
3O

3 abs 3 3 eff 3 res

0

[O ] [O ] ([O ] [O ] ) d

dt

g

r

V
t

V










 
   
 
 

 (6.1) 

where 3[O ] , 3 abs[O ] , 3 eff[O ] , and 3 res[O ]  are the total influent concentration of ozone, 

the number of moles of ozone absorbed by the solution, the excess effluent ozone 
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concentration, and the concentration of dissolved ozone remaining in the solution at the 

desired ozonation time, dt  (all expressed in mol m–3), respectively. 3O
gV  is the volumetric 

flow rate of ozone (m3 s–1), and rV  is the total volume of the reactors (m3). In our 

experimental setup, all parameters in the integral of Equation (6.1) can be directly 

determined at the desired ozonation time  dt . Accordingly, Equation (6.1) can be 

integrated, and 3 abs[O ] can be computed from Equation (6.2) (Garoma and Matsumoto, 

2009). 

  
  3O

3 3 eff 3 res

3 abs

[O ] ([O ] [ ] )
[O ]

g d

r

O V t

V

  
  (6.2) 

In both the experimental setups for the OMBs and OMLBs, 3[O ]  and 3O
gV  can be 

computed from Equation (5.2) and Equation (5.3), respectively (Section 5.2.1.2). The 

stoichiometric ratio of the moles of ozone consumed per mole of DMSO removed during 

the reaction can be presented as a function of the DMSO removed at the desired ozonation 

time. The stoichiometric ratio  RS  at dt  was computed by using Equation (6.3). 

  
3 abs

rem

[O ]

[DMSO]
RS   (6.3) 

rem 0[DMSO] [DMSO] [DMSO]   (6.4) 

where [DMSO] , 0[DMSO] , and rem[DMSO]  are the remaining unreacted concentration 

of DMSO at dt , the initial concentration of DMSO, and the number of moles of DMSO 

removed within dt  (all expressed in mol m–3), respectively. For both OMBs and OMLBs, 

Equation (6.3) computes the stoichiometric ratio for the complete removal of DMSO at 

different pH of the medium, and the values are given in Tables 6.1 and 6.2, respectively.  
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Table 6.1: Summary of the stoichiometric ratios and ozone utilization efficiencies at 

different pH and initial concentrations of DMSO for the OMBs (at the ozone generation 

rate of 1.67 mg s–1) 

pH 
[DMSO]0 

(mol m–3) 

Time* 

(s) 

3[O ]  

(mol m–3) 

3 exc[O ]
 

(mol m–3) 

3 res[O ]
 

(mol m–3) 

3 abs[O ]
 

(mol m–3) 

RS
 

(–) 

u  

(%) 

5 1.5 1200 2.27 0.49 0.119 1.661 0.056 73.2 

7 1.5 1200 2.27 0.56 0.086 1.624 0.055 71.5 

9 1.5 1080 2.04 0.37 0.069 1.601 0.049 78.5 

7 0.5 720 1.36 0.34 0.124 0.896 0.055 65.9 

7 2.5 1800 3.40 0.67 0.041 2.689 0.082 79.1 

*Ozonation time required for the complete removal of DMSO 

 

Table 6.2: Summary of the stoichiometric ratios and ozone utilization efficiencies at 

different pH and initial concentrations of DMSO for the OMLBs (at the ozone generation 

rate of 1.67 mg s–1) 

pH 
[DMSO]0 

(mol m–3) 

Time* 

(s) 

3[O ]  

(mol m–3) 

3 exc[O ]
 

(mol m–3) 

3 res[O ]
 

(mol m–3) 

3 abs[O ]
 

(mol m–3) 

RS
 

(–) 

u  

(%) 

5 1.5 6480 12.26 8.7 0.026 3.534 0.648 28.8 

7 1.5 4680 8.85 5.2 0.019 3.631 0.481 41.0 

9 1.5 3600 6.81 3.5 0.015 3.295 0.335 48.4 

7 0.5 3240 6.13 4.4 0.024 1.706 0.469 27.8 

7 2.5 7200 13.62 7.2 0.008 6.374 0.779 46.8 

*Ozonation time required for the complete removal of DMSO 

 

 For 1.5 mol m–3 initial concentration of DMSO, the values of RS  were 0.056, 

0.055, and 0.049, at pH 5, 7, and 9, respectively for the OMBs. On the other hand, the 

corresponding values of RS  for the OMLBs were 0.648, 0.481, and 0.335 at the same 
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initial concentration of DMSO. From these results, it is apparent that the ozone 

consumption was ten times lower for the OMBs. The higher values of RS  for the OMLBs 

could be due to the long ozonation time required to achieve complete removal of DMSO. 

In such extended ozonation processes, ozone may be consumed by the oxidation 

intermediates of DMSO, resulting in a higher value of RS . For the OMBs, the ozonation 

time required for the complete removal of DMSO was in the range of 0.72 – 1.8 ks, 

whereas the same was in the range of 3.24 – 7.2 ks for the OMLBs. The OMBs enhanced 

the mass transfer of ozone. Since the oxidation of DMSO took place in the aqueous phase, 

a higher concentration of ozone facilitated the oxidation of DMSO. Therefore, the OMBs 

played a significant role in lowering the value of RS . 

 The effectiveness of both processes was further investigated by determining the 

utilization efficiency of ozone (u) from Equation (5.4), based on the mass balance of 

ozone in the gas and liquid phases. The values of u are summarized in Tables 6.1 and 

6.2.  The range of ozone utilization efficiency for complete removal of DMSO by the 

OMBs (i.e., 65.9 – 79.1%) is substantially higher than that for the OMLBs (i.e., 27.8– 

48.4%). From these results, it is clear that the OMBs considerably improved the 

utilization of ozone by enhancing its mass transfer in the aqueous solution and forming 

the highly reactive hydroxyl radicals. The values of the ozone utilization efficiency 

obtained in this work for the OMBs are in accordance with those reported by Li et al. 

(2009). As the microbubbles enhanced mass transfer more than that by the millibubbles, 

the OMB process is anticipated to improve the oxidation of DMSO and its intermediates. 

At the same time, the amount of ozone required for oxidation and the loss of ozone could 

be reduced significantly by the OMBs. 
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6.2.2 Effects of the initial concentration of DMSO and ozone generation rate on the 

removal of DMSO 

Both the initial concentration of DMSO and ozone generation rate (which is equivalent 

to the concentration of ozone in the feed gas) had a significant effect on the removal of 

DMSO by the OMBs and OMLBs. It is observed from Figure 6.1 that increase in the 

initial concentration of DMSO from 0.5 to 2.5 mol m–3 had an adverse effect on its 

removal by both the OMBs and OMLBs. Therefore, it is apparent that the concentration 

of the intermediates increased with the increasing concentration of DMSO, which resulted 

in a higher consumption of the ozone present in the aqueous medium (as shown in Tables 

6.1 and 6.2), as well as the ·OH. Consequently, this slowed the rate of removal of DMSO.  

 

Figure 6.1: Effect of initial concentration of DMSO on its removal by the OMBs and 

OMLBs (inset). 

 

 At pH 7 and ozone generation rate of 1.67 mg s–1, when the initial concentration 

of DMSO increased from 0.5 to 2.5 mol m–3, the stoichiometric ratio of moles of ozone 
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consumed to DMSO removed increased from 0.055 to 0.082 for the OMBs, and from 

0.469 to 0.779 for the OMLBs, (see Tables 6.1 and 6.2). Nevertheless, as the initial 

concentration of DMSO increased, the utilization efficiency of ozone was improved for 

both the OMB and OMLB processes. On the other hand, increase in the ozone generation 

rate from 0.56 to 2.78 mg s–1 profoundly improved the oxidation of DMSO for both the 

OMBs and OMLBs (Figure 6.2). This is expected because an increase in the ozone 

generation rate increased the dissolved ozone concentration in the aqueous medium, 

which either directly oxidized the DMSO or produced the ·OH, which reacted with 

DMSO and the intermediates produced during the course of ozonation. 

 

Figure 6.2: Effect of ozone generation rate on the removal of DMSO by the OMBs and 

OMLBs (inset). 

6.2.3 Effects of the pH of the medium and reactions with the hydroxyl radicals 

Experiments were conducted with both the OMBs and OMLBs at the ozone generation 

rate of 1.67 mg s–1 and 1.5 mol m–3 initial concentration of DMSO in the pH range of 5 

to 9. From Figure 6.3 (a), it is observed that the variation in the pH had a rather trivial 

TH-2591_136107035



 

182 

 

effect on the oxidation of DMSO by the OMBs. Slight improvements were observed at 

pH 5 and 9 as compared to pH 7. The removal of DMSO was slightly increased with the 

pH of the solution for the OMLBs. The decrease in the pH of the medium during the 

course of ozonation, as shown in Figure 6.3 (b), could be due to the formation of acidic 

intermediates. The decrease in the pH of the solutions was more pronounced for the 

OMLB process. 

 
 

Figure 6.3: (a) Effect of pH of the medium and (b) variation of pH during the course 

of ozonation. 

 

 To examine the effect of the indirect oxidation of DMSO by the ·OH, experiments 

were conducted by using H2O2, which is a promoter for this reaction. Experiments were 

also conducted with t-BuOH, which is a scavenger of the ·OH. For oxidation of DMSO 

by the OMBs, the optimal ratio of 2 2 0[H O ] [DMSO] was 1.0:1.3. The removal efficiency 

did not change if the H2O2 concentration was lower, but it decreased if the concentration 

was higher [Figure 6.4 (a)]. These observations signify that the contribution of ·OH from 

H2O2 was insignificant as compared to the existing concentration of ·OH in the aqueous 

medium when the concentration of H2O2 was low. On the other hand, when the latter was 

(a) (b) 
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high, the available ·OH was consumed by the reaction with H2O2 itself (Koito et al., 

1998). This result is in agreement with the previous works (Koito et al., 1998), and 

corroborate our work on the removal of DEP and DMP by the OMBs reported in Sections 

3.2.6 and 4.2.7, respectively. 

  

Figure 6.4: Effects of H2O2 on the removal of DMSO by the (a) OMBs and (b) OMLBs 

(at 0[DMSO] = 1.5 mol m–3, ozone generation rate =1.67 mg s–1, and pH 9). 

 

 For the OMLBs, the 2 2 0[H O ] [DMSO] ratio was 1:2. A similar trend was 

observed for the high concentration of H2O2 [Figure 6.4 (b)]. However, a low 

concentration of H2O2 had also shown a positive effect on the removal of DMSO. 

Therefore, for 1.5 mol m–3 DMSO, a dosage of 0 – 3  mol m–3 H2O2 had a positive effect 

on the removal of DMSO for the OMLB system. Further increase of the dosage of H2O2 

had a negative effect on the oxidation efficiency of DMSO, similar to that observed for 

the OMBs.  Figure 6.5 depicts the contribution of ·OH on the oxidation of DMSO and its 

reaction intermediates by both OMBs and OMLBs at pH 5 and 9. From Figure 6.5 (a), it 

can be observed that the contribution of ·OH was significant at pH 5 and 9 for the OMBs. 

However, for the OMLBs, no significant effect was observed at pH 5, while some effect 

was observed at pH 9. The significant and insignificant effects of ·OH at pH 5 for the 

(a) (b) 
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OMBs and OMLBs, respectively, imply that the formation of ·OH was enhanced by the 

microbubbles, and hardly any ·OH was generated by the OMLBs at this pH. 

    

Figure 6.5: Effect of addition of t-BuOH on the oxidation of DMSO by the (a) OMBs 

and (b) OMLBs (at 0[DMSO] = 1.5 mol m–3 and ozone generation rate =1.67 mg s–1). 

 

6.2.4 Formation and depletion of the oxidation intermediates of DMSO 

It has been reported that DMSO is oxidized promptly by chemical oxidation (such as the 

AOPs), and becomes dimethyl sulfone [DMSO2, i.e., (CH3)2 SO2], as shown by Equation 

(6.5) (Baldoni-Andrey et al., 2005; Koito et al., 1998). In this oxidation process, no 

noxious compound is generated. Nevertheless, an additional method is needed to oxidize 

the DMSO2 further, due to its stability against chemical oxidation. This was discussed in 

Section 1.6.3. 

 O
3 3 3 2 3CH –SO–CH  CH –SO –CH  

(6.5) 

In this work, the formation and decay of the two major oxidative intermediates of DMSO 

were monitored for the experimental condition of 0[DMSO] = 1.5 mol m–3, ozone 

generation rate =1.67 mg s–1, and pH 9. It was observed that DMSO2 was formed during 

both the processes (Figure 6.6). Nevertheless, the concentration of DMSO2 formed by the 

(a) (b) 
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OMBs was very less, and it started depleting after reaching the peak concentration at 

about 1.8 ks of ozonation time. In contrary to this, for the OMLBs, DMSO2 started 

forming late, i.e., after 1.2 ks of ozonation time, and its concentration went on increasing 

for more than 5.4 ks of ozonation time. Besides, the simultaneous formation of MSA was 

observed for the OMBs after about 600 s of ozonation time, which went on increasing 

until the formation of DMSO2 reached its maximum, and then its concentration started 

depleting slowly. This shows that MSA was more resistant to the OMBs, and needed a 

longer reaction time to be removed totally. It has been reported (Koito et al., 1998; 

Scaduto, 1995) that DMSO could be directly decomposed to MSA by the ·OH in AOPs 

where oxidation mainly takes place through the reaction with the ·OH, and the MSA 

could be further degraded easily by the conventional biological treatment without 

generating any harmful reaction intermediate. 

 

Figure 6.6: Comparison of reactions taking place in the OMB and OMLB systems in 

terms of formation and depletion of the two main oxidation intermediates of DMSO 

(i.e., DMSO2 and MSA). 
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 For the OMLBs, formation of MSA was not detected. The proposed oxidation 

mechanism in the OMLB system is shown in Figure 6.7 (b). This route (i.e., the oxidation 

of DMSO by conventional ozonation), is in agreement with the work of Chou and Chang 

(2007) and Equation (6.5). From our experimental results, it is evident that the MSA was 

formed through two paths in the OMB system [Figure 6.7 (a)]. The first path is the prompt 

conversion of DMSO to MSA by the reaction with ·OH without formation of the 

intermediate, DMSO2. The other path is via the formation of DMSO2 by the oxidation of 

DMSO by molecular ozone, followed by further oxidation of DMSO2 to MSA by the ·OH 

present in the solution. 

 

 

Figure 6.7: Proposed mechanisms of DMSO degradation by (a) OMBs and (b) 

OMLBs. 

 

 As shown in Figure 6.7 (a), microbubbles promoted the self-decomposition of 

ozone to the ·OH due to their negative surface charge (as a result of the hydroxyl ions 

accumulating at the microbubble surface), which promoted the self-decomposition of 

(b) 

(a) 
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ozone and formed the ·OH (Liu et al., 2020). Besides, ·OH were also generated by the 

self-shrinkage and collapse of the microbubbles (Chu et al., 2008b; Khuntia et al., 2012a). 

The path of self-decomposition of ozone in the millibubble system is different from that 

of the microbubble system. Due to the instability of ozone, it quickly decomposed to 

oxygen, and a small amount of ·OH was formed when the solution was highly alkaline. 

The amount of ·OH formed was less for the millibubble system. 

6.2.5 Extent of mineralization of DMSO by the OMBs and OMLBs 

In order to assess the efficiency of the OMBs and OMLBs towards the degradation of 

DMSO and their respective extents of mineralization, the ozonation was studied at 

different pH of the aqueous solution.  Figure 6.8 (a) depicts the TOC removal profiles by 

both ozonation processes as a function of ozonation time at different pH of the medium. 

For OMBs, it was observed that the TOC removal was slightly more favorable at pH 5 as 

compared to pH 7 and 9 [Figure 6.8 (a)]. This can be attributed to the favorable oxidation 

of the intermediates in the acidic medium. This possibility was checked by separately 

carrying out the oxidation of DMSO2 in water by the OMBs at pH 5 and 9. Figure 6.8 (b) 

depicts that the oxidation of DMSO2 was slightly more favored at pH 5 than at pH 9. 

Moreover, a huge difference between the removal rates of DMSO and its corresponding 

TOC were observed, particularly for the OMLBs. For the OMLBs, after 2.16 ks of 

ozonation, the removal of DMSO was 62.5, 70.4, and 78.4% at pH 5, 7, and 10, 

respectively, and the corresponding TOC removal were 1.9, 5.5, and 8.9% [Figure 6.8 

(c)]. The better DMSO removal efficiencies as compared to the corresponding TOC 

removal at all pH show that the oxidation of DMSO could be achieved via the direct 

oxidation by the ozone molecules. In contrast, TOC reduction (i.e., further oxidation of 

the reaction intermediates) was mainly achieved through the indirect oxidation by the 
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·OH. The low TOC reduction at all pH suggests that the available concentration of the 

·OH was not enough to degrade the intermediates produced during the ozonation of 

DMSO. 

 
 

 

Figure 6.8: (a) TOC removal profiles at different pH, (b) oxidation of DMSO2 in water 

by the OMBs, and (c) comparison of the OMB and OMLB processes in terms of DMSO 

and TOC removal efficiencies at 2.16 ks of ozonation time. 

 

 The overall removal efficiency of DMSO in the alkaline solution was better than 

that in the acidic solution for the OMLBs. These results corroborate the literature (Wu et 

al., 2007). For conventional ozonation, the direct reaction by molecular ozone was 

(a) (b) 

(c) 
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predominant in the acidic medium, whereas indirect oxidation by ·OH was predominant 

in the alkaline medium (Glaze and Kang, 1989).   

 Furthermore, the contribution of ·OH on the TOC removal was further 

investigated by using a promoter (H2O2) and an inhibitor (t-BuOH) of the ·OH. Coupling 

H2O2 with both the ozonation systems (i.e., OMBs and OMLBs) had a significant effect 

on the TOC reduction by augmenting the generation of ·OH. However, the impact was 

more pronounced for the OMLBs [Figure 6.9 (a)]. The addition of the ·OH scavenger 

(i.e., t-BuOH) also proved that the indirect reaction was the main pathway for the 

mineralization of DMSO and its oxidative intermediates [Figure 6.9 (b)].   

 The effectiveness of the four processes (i.e., sole OMLBs, OMLBs coupled with 

H2O2, sole OMBs, and OMBs coupled with H2O2) was compared in terms of the DMSO 

removal and the extent of mineralization. Longer ozonation time (i.e., 5.4 ks) was 

considered for comparison. At this extended ozonation time, all four processes were 

equally effective for the complete removal of DMSO. Nevertheless, a wide variation was 

observed in terms of the TOC removal [Figure 6.9 (c)]. The sole-OMLBs-process 

exhibited a very poor efficiency for TOC removal, whereas the sole-OMB-process was 

more effective for TOC removal than the OMLB/H2O2 process. 
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Figure 6.9: Effects of addition of (a) H2O2 and (b) t-BuOH on the TOC removal by 

the OMBs and OMLBs, and (c) the comparison of four processes in terms of the 

removal of DMSO and TOC at 5.4 ks of ozonation time (at the ozone generation rate 

of 1.67 mg s–1, pH 9, and [DMSO]0 = 1.5 mol m–3). 

  

6.2.6 Overall kinetics for the oxidation of DMSO by the OMBs 

For the experimental setup using OMBs, the kinetic parameters of the overall reaction 

between DMSO and ozone were determined from the experimental results by using a 

mass balance. In the batch reactor of our experimental setup, ozone was supplied 

(a) (b) 

(c) 
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continuously during the entire ozonation. It gradually dissolved in water and reacted with 

DMSO. Equation (6.6) can expresses the kinetics of the reaction between DMSO and 

ozone. 

 3
d[DMSO]

[DMSO] O
d

nmk
t

   (6.6) 

During the oxidation of DMSO by the OMBs, the overall mass balance of ozone contains 

three terms, i.e., the rate of reaction of DMSO with ozone (directly and indirectly), the 

rate of mass transfer of ozone from the gas to the liquid phase, and the first-order self-

decomposition of ozone. In such a system, where ozone gradually dissolves in the 

aqueous solution, simultaneously undergoes self-decomposition, and reacts with DMSO, 

Equation (6.7) gives the general mass balance. 

 
        3

3 3 3ss

d O
O O [DMSO] O

d

nm
L dk a k k

t
     (6.7) 

The two simultaneous ODEs [i.e., Equations (6.6) and (6.7)] were solved by the Runge–

Kutta method using Polymath® (version 6.10). The best-fit values (r2 > 0.98) of the kinetic 

parameters obtained by fitting the experimental data are presented in Table 6.3. The fit of 

the kinetic model to the concentration profiles of DMSO and ozone is shown in Figure 

6.10 at different pH of the medium. The values of dk  used in these computations were 

taken from Table 3.1. The overall rate constant for the reaction of DMSO with ozone  k  

increased with the pH of the medium to some extent. The oxidation of DMSO by ozone 

followed a first-order kinetics with respect to both DMSO and ozone, and an overall 

second-order kinetics (Table 6.3). The volumetric mass transfer coefficient of ozone 

( )Lk a  slightly increased in the acidic and alkaline solutions. The enhancement factor was 
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computed from the ratio of the volumetric mass transfer coefficients in the reacting and 

non-reacting systems (see Section 3.2.9).  

 

Table 6.3: Kinetic and mass transfer parameters for the oxidation of DMSO by the 

OMBs (at the ozone generation rate of 1.67 mg s–1 and [DMSO]0 = 1.5 mol m–3) 

pH 
3 ss[O ]  

(mol m–3) 

 Lk a  

(s–1) 

k × 10–3 

[(mol dm–3)1–m–n s–1] 

m 

(–) 

n 

(–) 

r2 

(–) 

E 

(–) 

5 0.119 0.0137 0.1376 1.12 0.89 0.993 7.10 

7 0.086 0.0159 0.1378 1.22 0.84 0.989 7.28 

9 0.069 0.0215 0.1382 1.21 0.97 0.992 5.85 

 

 
Figure 6.10: Concentration profiles of DMSO and dissolved ozone (inset) in the 

reactor, and the fit of the model. The legends are the same for both the systems. 

 

6.2.7 Overall kinetic study for the oxidation of DMSO by the OMLBs 

On the contrary to the OMBs, oxidation of DMSO by OMLBs did not fit the second-order 

reaction model. Assuming the first-order kinetics, the reaction rate between DMSO and 

ozone is given by Equation (6.9) (Li et al., 2009). 
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3

DMSO

O

d[DMSO]
[DMSO]

d
L

D
k a

t D

 
  
 
 

 (6.9) 

where DMSOD  and 
3OD  are the diffusivities of DMSO and ozone in water, respectively. 

Assuming that these diffusivities and Lk a  remain constant during the ozonation, by re-

arranging and integrating Equation (6.9), we get.  

3

0 DMSO
obs

O

[DMSO]
ln

[DMSO]
L

D
k a t k t

D

  
        

 (6.10) 

where  

3O
obs

DMSO
L

D
k a k

D

 
   

 
 (6.11) 

If there is a linear relationship between 0[DMSO]
ln

[DMSO]

 
 
 

 and the ozonation time t, obsk  

may be determined from the slope of the line (Figure 6.11). At the temperature of the 

aqueous solution in the reactor (i.e., 298 K), the value of 
3OD  is 1.89 × 10–9 m2 s–1 (see 

Section 3.2.10). The value of DMSOD  is 
10 2 16.1 10  m  s   (Vishnyakov et al., 2001). 

The values of obsk  and the corresponding values of Lk a  computed from Equation (6.11) 

are given in Table 6.4. 
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Figure 6.11: Fit of the first-order kinetics for the reaction between DMSO and 

ozone in the OMLB system. 

 

Table 6.4: Kinetic and mass transfer parameters for the oxidation of DMSO by the 

OMLBs (at the ozone generation rate of 1.67 mg s–1 and [DMSO]0 = 1.5 mol m–3) 

 pH 
3 ss[O ]  

(mol m–3) 

 

3
obs 10k 

 

(s–1) 

 
310Lk a   

(s–1) 

r2 

(–) 

310dk   

(s–1) 

3
0( ) 10Lk a   

 (s–1) 

E 

(–) 

5 0.026 0.283 0.88 0.996 0.212 0.46 1.22 

7 0.019 0.593 1.84 0.993 0.362 0.79 1.49 

9 0.015 1.986 6.15 0.999 0.488 1.18 3.35 

 

6.2.8 Mass transfer of ozone by the millibubbles 

In this section, studies on the mass transfer of ozone in the millibubble systems is reported 

for a non-reacting system (i.e., in the absence of DMSO). The concentration profiles of 

dissolved ozone in water for the OMLB system at different pH of the solution are depicted 
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in Figure 6.12 (a). The saturation concentration of dissolved ozone ([O3]ss) decreased with 

increasing pH of the solution. This is because ozone decomposes into the ·OH rapidly in 

the alkaline medium, which reduces the [O3]ss in the solution. Nevertheless, the alkaline 

condition may result in a higher gradient in the ozone concentration between the two 

phases (i.e., gas and liquid), which is the main driving force for the mass transfer of ozone 

(Xiong et al., 2019). 

 Equation (6.12) can be used for our thoroughly-mixed semi-batch reactor to 

estimate the 0( )Lk a  (Khuntia et al., 2012b). 

 3
0 3 ss 3

d[O ]
[( ) ] [O ] [O ]

d
L dk a k

t
    

(6.12) 

This mass balance equation can be integrated with the initial condition (i.e., at t = 0, [O3]ss 

= 0), which gives Equation (6.13). 

3 ss
0

3 ss 3

[O ]
ln [( ) ]

[O ] [O ]
L dk a k t

 
  

 

 
(6.13) 

Therefore, if the plot of 3 ss

3 ss 3

[O ]
ln

[O ] [O ]

 
 

 
 versus t is a straight line passing through the 

origin [as shown in Figure 6.12 (b)], the slope of this line would give 0[( ) ]L dk a k  

(Khuntia et al., 2012b). For the OMLB system, the value of dk  is determined later in this 

section. The values of 0( )Lk a , which are given in Table 6.4, are in agreement with the 

earlier reports (Kukuzaki et al., 2010). As shown later in this section, dk  increased with 

the pH of the medium, thereby enhancing the rate of mass transfer of ozone [i.e., increased 

0( )Lk a ].  
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Figure 6.12: (a) Concentration profile of dissolved ozone in the reactor of the OMLB 

system and (b) determination of the volumetric mass transfer coefficient of ozone in 

the OMLB system in the absence of DMSO. 

 

The values of dk for the non-reacting OMB system have been reported in Section 

3.2.8. dk  for the OMLB system was determined by following a similar procedure. 

Several works have reported that the self-decomposition of ozone in water follows a first-

order kinetics, and it mainly depends on the pH of the medium (Beltrán, 2004; Sotelo et 

al., 1987; Sotelo et al., 1989). Equation (3.1) gives the rate equation for the self-

decomposition reaction (Gao et al., 2005; Kukuzaki et al., 2010; Rosal et al., 2006). 

Therefore, if the plot of 3

3

[O ]
ln

[O ]

ss 
 
 

versus t is a straight line passing through the origin 

(as shown in Figure 6.13), the slope of this line would give dk . The fit of the first-order 

kinetic model to the experimental data is shown in Figure 6.13. The values of dk , given 

in Table 6.4, show that they increased with the pH of the medium, corroborating with the 

literature (Sotelo et al., 1987) and our earlier work using the OMBs (Section 3.2.8).  

(a) 

(b) 
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Figure 6.13: The fit of the first-order kinetic model to the experimental data for 

determining the self-decomposition rate constant of ozone in water by the millibubbles. 

 

 Table 6.5 presents a summary of the values of dk  reported in the literature. The 

values of dk  obtained in this study fall within the range of the values given in Table 6.5, 

and they are slightly higher than our earlier results for the OMBs (Table 3.1). As the 

microbubbles improve the stability of ozone in the solution, OMBs are more persistent in 

the solution as compared to the OMLBs. Ozone is less stable in the OMLB system, and 

it quickly decomposes to oxygen, resulting in the higher values of dk . It has been reported 

(Hu and Xia, 2018) that the average half-life for the OMLB system was ~60 s, whereas it 

was ~600 s for the OMB system. 

 The volumetric ozone transfer rate (VOTR), which was obtained from the product 

of the volumetric mass transfer coefficient and the steady state concentration of ozone 

(i.e.,  3 ssVOTR [O ]Lk a (Chu et al., 2008a; Khuntia et al., 2012a) at different pH of the 

solutions, were higher for the OMB system. This is shown in Figure 6.14. This result is 
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in agreement with the work of Chu et al. (2008a), who have reported that the microbubble 

generators exhibited a higher gas transfer rate as compared to conventional bubble 

diffusers. As the effectiveness of ozonation is dependent on the ozone transfer rate from 

gas to liquid phase and the concentration of dissolved ozone in the aqueous solution 

(Panda and Mathews, 2008), the higher VOTR and Lk a  obtained in this work demonstrate 

the effectiveness of the OMB system for the ozonation of DMSO. 

 

Table 6.5: Reported values of the self-decomposition rate constant of ozone  dk  in 

water  

310dk  (s–1) Reactor type pH Reference  

0.04 Karman contactor (static mixer) 7 Gao et al. (2005) 

0.21 – 0.42 Glass vessel (bubble column) 2.5 – 9 Sotelo et al. (1987) 

0.21 – 0.54 Gas-inducing reactor 2.6 – 7 Hsu et al. (2002) 

0.42 Shirasu porous glass (ozone–

water membrane contactor) 

Unspecified  Kukuzaki et al. 

(2010) 

 

Figure 6.14: Volumetric ozone transfer rate in the presence of DMSO for the OMB 

and OMLB systems. 
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6.3 Conclusions 

The following conclusions were reached based on the experimental studies and the 

analysis of the results. 

 DMSO present in water was effectively removed by the OMBs, and a longer time was 

required for the OMLBs. 

 Keeping other operational parameters (i.e., initial concentration of DMSO, ozone 

generation rate, and initial pH of the medium) constant for both the OMB and OMLB 

systems, the latter needed a longer time for the complete removal of DMSO, and 

consequently, a higher consumption of ozone. Therefore, a higher stoichiometric ratio 

of ozone consumed to DMSO removed (i.e., a ratio of 10) was obtained for the 

OMLBs.  

 Higher ozone utilization efficiencies (i.e., 65 – 79%) were observed for the OMBs, 

whereas, the same for the OMLBs was only 21 – 48%. 

 The addition of H2O2 slightly increased the rate of removal of DMSO by augmenting 

the generation of the ∙OH radicals. However, a large dosage of H2O2 had an adverse 

effect on the rate of removal of DMSO for both ozonation systems. The optimal ratio 

(i.e., 2 2 0[H O ] [DMSO] ) was 2.0 and 3.0 for the OMBs and OMLBs, respectively. 

 For the OMBs, the contribution of ·OH was significant at pH 5 and 9, indicating that 

the microbubbles enhanced the generation of ·OH both in the acidic and alkaline 

solutions. Addition of t-BuOH proved that there was no contribution of ·OH at pH 5 

for the OMLB system, and very little effect was observed at pH 9. 

 The degradation of DMSO to MSA was achieved via two possible pathways. The first 

pathway was the direct conversion by the reaction with the ·OH. In the second 

pathway, DMSO was first converted to DMSO2 by direct oxidation with the ozone 
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molecule, and then DMSO2 was further oxidized to MSA by the ·OH. During the 

ozonation using the OMLBs, hardly any formation of MSA was observed.  

 OMLBs displayed a very poor efficiency in TOC removal. In terms of TOC removal 

efficiency, the order of effectiveness was as follows: OMLBs < OMLBs/H2O2 < 

OMBs < OMBs/H2O2.  

 Oxidation of DMSO by ozone followed the second-order kinetics for the OMB 

system, and the first-order kinetics was observed for the OMLB system. Higher values 

of the volumetric mass transfer coefficient of ozone, enhancement factor, and 

volumetric ozone transfer rate were observed for the OMBs than the OMLBs.  

 In general, it can be concluded that the OMBs were more efficient than the OMLBs 

in terms of ozone utilization efficiency, efficient removal of DMSO within a short 

ozonation time, and TOC removal. 
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Notations 

a   specific gas–liquid interfacial area (m2 m–3) 

[DMSO] unreacted concentration of DMSO in the reactor at reaction time, t 

(mol m–3) 

[DMSO]0 initial concentration of DMSO in the reactor (mol m−3) 

rem[DMSO]  number of moles of DMSO removed within desired ozonation time, td 

(mol) 

DMSOD  diffusivity of DMSO in water (m2 s–1) 

3OD  diffusivity of ozone in water (m2 s–1) 

E enhancement factor (–) 

k rate constant for the reaction of DMSO with ozone [(mol  dm–3)1–m–n s–

1] 

dk   self-decomposition rate constant of ozone (s–1) 

Lk a   volumetric mass transfer coefficient of ozone in the reacting system 

(s–1) 

0( )Lk a   
volumetric mass transfer coefficient of ozone in the non-reacting 

system (s–1) 

obsk  observed reaction rate constant (dm3 mol–1 s–1) 

m order of reaction with respect to DMSO (–) 

n order of reaction with respect to ozone (–) 

3[O ]  concentration of ozone during the reaction (mol m−3) 

3[O ]  total influent concentration of ozone at the desired ozonation time td 

(mol m–3) 
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3 abs[O ]  number of moles of ozone absorbed by the solution within the desired 

ozonation time, td (mol) 

3 exc[O ]  excess effluent ozone concentration at reaction time, t (mol m–3) 

3 res[O ]  residual dissolved ozone concentration in the solution at desired 

ozonation time, td (mol m–3) 

3[O ]ss  steady state concentration of ozone in the aqueous phase (mol m−3) 

r correlation coefficient (–) 

RS  stoichiometric ratio (–) 

td ozonation time needed to reach the desired removal efficiency (s) 

[TOC]0 initial amount of the total organic carbon (mg dm−3) 

3O
gV  volumetric flow rate of ozone (m3 s–1) 

rV  total volume of the reactor (m3) 

  

Greek symbols 

u  utilization efficiency of ozone 

Abbreviations 

DMSO dimethyl sulfoxide 

DMSO2 dimethyl sulfone 

MSA methane sulfonic acid 

OMBs ozone microbubbles  

OMLBs ozone millibubbles 

TOC total organic carbon 

UV ultraviolet  
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VOTR volumetric ozone transfer rate 
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CHAPTER 7 

SUMMARY AND SCOPE OF FUTURE WORKS 

 

This chapter presents the brief summary of the thesis, and scope and suggestions for 

future works. 

 

7.1 Summary of the work 

The removal of DMP, DEP, BPA, and DMSO from water using ozone microbubbles were 

studied in an experimental setup with a reactor of 20 dm3 capacity. Experiments were 

performed under various reaction conditions to examine the effects of the initial 

concentration of the pollutants, pH of the medium, and ozone generation rate. The role of 

hydroxyl radicals in the oxidation of the target pollutants was studied using t-butyl 

alcohol as the hydroxyl radical scavenger. The effect of addition of H2O2 and sodium 

bicarbonate also examined in the OMB system. The extent of mineralization of the target 

pollutants was studied from the TOC measurements. The stoichiometric ratio of ozone 

consumed to the pollutant removed, and the ozone utilization efficiency of the OMBs 

system were computed from the experimental results. The enhancement factor, Hatta 

number, volumetric mass transfer coefficient, and the rate constant of the reaction 

between the pollutants and ozone were determined. The potential of the OMBs for the 

oxidation of DMSO was investigated in detail, and the results were compared with those 

of the conventional ozonation using the OMLBs. 

DMP, DEP, BPA, and DMSO present in water were effectively removed by the 

OMBs. The OMB system needed a shorter ozonation time for complete removal of the 
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targeted pollutant. Lower values of the stoichiometric ratio were obtained, possibly due 

to the high rate of mass transfer of ozone into the aqueous phase in the OMB system. A 

considerably high range of ozone utilization efficiency was achieved for the complete 

removal of the pollutants. The optimal addition of H2O2 increased the rate of removal of 

the pollutants by augmenting the generation of the hydroxyl radicals. A better TOC 

removal efficiency was observed in the OMB system as compared to the conventional 

ozonation. In terms of the TOC removal efficiency, the effectiveness was in the following 

order: OMLBs < OMLBs/H2O2 < OMBs < OMBs/H2O2. Very low values of the Hatta 

number were obtained, which proves that the mass transfer resistance was negligible, 

implying that the rate of mass transfer was enhanced by the OMBs. Higher ozone 

volumetric mass transfer coefficient, enhancement factor, and volumetric ozone transfer 

rate were obtained for the OMBs as compared to the OMLBs. 

 

7.2 Scope and suggestions for future works 

In future, the following works can be carried out for the practical use of the process: 

 Experiments can be conducted at different temperatures to verify the effect of 

temperature. Different types of vessels, suitable for practical use, can be used as 

reactors. 

 The detailed reaction mechanisms can be studied by analyzing more oxidation 

intermediates and reaction pathways. 

 Catalysts such as metal ions can be used with the OMBs to enhance the generation 

of the hydroxyl radicals. 

 Based on the remarkable properties of the boron-doped diamond electrodes (i.e., 

large overvoltage for water electrolysis, high chemical and electrochemical 
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stability, and high current yield for the generation of the hydroxyl radicals in situ), 

they can be used along with the OMBs to improve the oxidation of the organic 

pollutants. 
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Appendix A1 

Sample uncertainty analysis 

Equation (A1.1) gives the mean value ( x ) of the experimentally measured data. 

1

1 N

i
i

x x
N 

   (A1.1) 

where N is the total number of measurements and ix  is the measured value. The 

standard deviation (STD) of the measured data was computed from Equation (A1.2). 

2

1

( )

1

N

i
i

x x

STD
N








 
(A1.2) 

The relative standard deviations (i.e., % RSD) of the measured data was computed from 

Equation (A1.3). 

STD
RSD (%) 100

x

 
  
 

 (A1.3) 

The standard and relative uncertainties of the measured data were estimated from 

Equations (A1.4) and (A1.5), respectively. 

STD
Standard uncertanity

N
  (A1.4) 

1 STD
Relative uncertanity 100

x N

 
  

 
 (A1.5) 

The mean, standard deviation, relative standard deviation, and standard and relative 

uncertainties of the measured peak areas of BPA by UFLC, and their respective retention 

times are shown in Tables A1.1 and A1.2, respectively. 
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Table A1.1: Sample uncertainty analysis for the measurement of BPA using UFLC 

[BPA]0 (mol m–3) 
UFLC peak area (V s) 

% RSD Standard uncertainty Relative uncertainty (%) 
Trial 1 Trial 2 Trial 3 x   STD 

0.0004 11239.0 11501.6 11393.8 11378.1 131.98 1.160 76.20 0.67 

0.0044 55285.0 55794.8 55160.9 55413.5 335.92 0.606 193.95 0.35 

0.0438 409605.0 410632.5 402589.7 407609.1 4377.12 1.074 2527.13 0.62 

0.0876 767071.0 762116.4 765064.7 764750.7 2492.20 0.326 1438.87 0.19 

0.1314 1150606.5 1143174.5 1147597.0 1147126.0 3738.30 0.326 2158.31 0.19 

 

Table A1.2: Sample uncertainty analysis of the retention time for the measurement of BPA using UFLC 

[BPA]0 (mol m–3) 
UFLC retention time (s) 

% RSD Standard uncertainty Relative uncertainty (%) 
Trial 1 Trial 2 Trial 3 x   STD 

0.0004 311.6 315.8 313.9 313.8 2.10 0.67 1.21 0.39 

0.0044 312.0 312.1 311.6 311.9 0.25 0.08 0.14 0.05 

0.0438 313.1 312.9 314.0 313.3 0.56 0.18 0.32 0.10 

0.0876 311.5 312.8 315.9 313.4 2.18 0.70 1.26 0.40 

0.1314 313.8 311.4 313.1 312.8 1.23 0.39 0.71 0.23 
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Appendix A2 

Cost estimation of the ozone microbubble setup 

The estimated capital and running cost of the OMB setup is given below. The summary 

of capital costs of the main units is given in Table A2.1. The main operation cost of this 

experimental setup would be the cost of electricity, which is summarized in Table A2.2. 

Table A2.1: Capital cost of the OMB experimental setup 

Item  Cost (INR) 

Microbubble generator 4,51,500 

Ozone generation system (oxygen concentrator, ozone 

generator, ozone destructor, step-down transformer, and 

voltage stabilizer) 

2,51,990 

Water circulatory bath 2,00,000 

Total cost 9,03,490 

 

Table A2.2: Operational cost of the OMB experimental setup 

Item Power 

consumption (W) 

Hours/month*  Electricity 

consumption (kWh) 

Microbubble generator 450 125** 56.25 

Oxygen concentrator 350 120 42.00 

Ozone generator 205 120 24.60 

Step-down transformer 300 120 36.00 

Water circulatory bath 230 120 27.60 

Total units (kWh)   186.45 

*Average operating hours; **Includes 5 hours for cleaning 
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In 2020, the cost of electricity for one unit in Assam state is 6.95 INR. Therefore, the 

estimated total operating cost of the OMB system for purifying 1200 dm3 water per month 

is 1296 INR. 
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